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Persistent organic pollutants (POPs) are hazardous chemicals that persist in 
the environment, bioaccumulate through the food web, and pose a risk of causing 
adverse effects on human health and the environment. Recently classified as POPs, 
polybrominated diphenyl ethers (PBDEs) are a class of flame retardant chemicals 
that have been widely used in a variety of consumer products such as electronics, 
textiles and furnishings since the 1960s. The pervasiveness of PBDEs in the 
environment and various biota, coupled with its highly toxic nature, resulted in 
significant public health and environmental concern. It is therefore important to find 
approaches to break down these compounds into non toxic or at least, less toxic 
components. Bioremediation is regarded as a promising approach because it is safe 
and natural, cost-effective and can be performed in-situ as opposed to conventional 
remediation methods, which merely contain/concentrate these hazardous 
substances. This drives the need for the discovery of novel microorganisms capable 
of efficient and rapid dehalogenation of PBDEs, in order to achieve the goal of 
detoxification of these harmful chemicals. 
To achieve the overall goal, a microcosm study was conducted to assess the 
ability of anaerobic microoganisms in soil and sediments from 28 locations in the 
United States of America, China and Singapore to debrominate the technical 
octabromodiphenyl ether (octa-BDE).  Substantial debromination occurred within 2 
months, resulting in the generation of hexa- through mono- BDEs, with the toxic 
tetra-BDEs
 
as the most abundant
 
debromination product (50% of total products). 
This investigation provides preliminary evidence that PBDE debrominating 
microbes are widespread across various regions and they produce highly toxic 
penta- and tetra- BDEs as the predominant debromination end products. The results 
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also demonstrate, for the first time, debromination of the octa-BDE mixture in the 
absence of the relatively more readily utilizable electron acceptor (e.g., TCE or 
primer compounds), thus suggesting that microbial-mediated PBDE debromination 
may occur more easily in the natural environment than previously thought. 
The microcosm screening resulted in the discovery of cultures with novel 
PBDE debromination capabilities, among which, one microcosm (GY-T-2) was 
found to generate diphenyl ether as the debromination end product, demonstrating 
the ability of anaerobes to transform highly toxic PBDEs to safer, less toxic end 
products. Further investigations and enrichment of GY-T-2 led to a highly enriched 
coculture which completely debrominated the most toxic and prevalent PBDEs 
(congener 47, 99 & 100) to its non-brominated form, diphenyl ether. 16S rRNA 
based molecular methods revealed that the coculture consisted of Dehalococcoides 
and Desulfovibrio sp. and that debromination of PBDE was coupled to the growth 
of Dehalococcoides. This study represents the first demonstration of complete 
removal of bromines from congeners 47, 99, and 100 to its non-brominated form, a 
crucial step for the detoxification of PBDEs since diphenyl ether possesses much 
lower toxicity than PBDEs. The coculture was also found to dehalogenate a wide 
range of other halogenated compounds including polychlorinated biphenyls, 
bromophenols, chlorophenols and chloroethenes. 
Apart from microcosm GY-T-2, further investigations on another 
microcosm, C-T-7, resulted in the isolation of a novel Dehalococcoides strain 
capable of utilizing brominated compound 2,4,6-tribromophenol as metabolic 
electron acceptors. The new isolate, designated as IS, was also found to 
syntrophically oxidize acetate to produce hydrogen for both itself and its syntrophic 
partner under hydrogen limiting conditions. The reconstruction of syntrophic 
XI 
 
consortia with pure cultures in this study has provided new insights on the poorly 
understood interspecies and intraspecies interactions of members of the 
Dehalococcoides genus. This doctoral study provides insights on the new 
physiology (e.g., hydrogen generation) of the dehalogenating Dehalococcoides 
genus. 
Overall, the investigation on the ability of soil microorganisms to 
debrominate PBDEs has shown that biotic processes, specifically anaerobic 
microbial debromination, could contribute to the detoxification of these notorious 
pollutants in nature, thus shedding light on the restoration of PBDE-contaminated 
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1.1 Flame retardants 
In the past 50 years, polymer science has advanced greatly, leading to the 
increasingly widespread use of a variety of polymers in everyday life such as in 
clothing, furniture, electronics, vehicles and computers. Because most polymers are 
derived from petroleum products, they are usually highly flammable and pose fire 
risks. In the United States alone for year 2009, there were 3,010 fatalities and 17,050 
injuries caused by fires and an estimated US$ 12.5 billion in direct property losess 
(Karter, 2010). In Singapore, for year 2010, 4600 fire incidents were reported, which 
resulted in 143 fire injuries (SCDF, 2011). To alleviate this problem, flame retardants, 
chemicals that inhibit or resist the spread of fire to such polymers, have been used for 
the past few decades.  In the last 10 years, there has been an estimated 20% reduction 
of fire deaths in Europe while in the US, about 208 lives were saved annually, as a 
result of the use of flame retardants (BSEF, 2006; Vonderheide et al., 2008). 
There are about 175 chemicals classified as flame retardants and they can be 
grouped into inorganic, halogenated organic, organophosphorus and nitrogen-based 
flame retardants. Among those groups, halogenated organic flame retardants, 
specifically brominated flame retardants (BFRs), constitute the largest market group 
due to their low cost and high performance efficiency (BSEF, 2006).  The addition of 
BFRs to materials is not likely to alter the physical properties (e.g. melting point, 
density) of the material in question, compared to other systems of flame retardants. As 
of 2000, BFRs accounted for 38% of the global demand share of bromine which 
amounts to 5,000,000 metric tons annually (Birnbaum & Staskal, 2004).  The major 
BFRs are tetrabromobisphenol A, polybrominated diphenyl ethers (PBDEs), 
hexabromocyclododecane  (Birnbaum & Staskal, 2004) as well as decabromodiphenyl 
ethane, which is being marketed as a safer alternative to PBDEs (Egebäck et al., 
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2012).  Given that the focus of this dissertation is on PBDEs, hence further discussion 
in the sections ahead will be on its properties followed by its occurrence in 
environment, in biota and its adverse health impacts.  
 
 
           Figure 1.1 General structural formula for PBDEs 
 
1.2        Polybrominated diphenyl ethers 
PBDEs consist of two brominated aromatic rings linked by an ether bond 
(Figure 1.1). They are classified according to the average number of bromine atoms in 
the molecule, and can have up to ten bromines in different configurations (mono-BDE 
to deca-BDE), resulting in 209 (Congener 1 to congener 209) different chemical 
forms/congeners. The PBDE congeners can exist in 3 (mono-BDEs), 12 (di-BDEs), 
24 (tri-BDEs), 42 (tetra-BDEs), 46 (penta-BDEs), 42 (hexa-BDEs), 24 (hepta-BDEs), 
12 (octa-BDEs), 3 (nona-BDEs), and 1 (deca-BDE) isomers, respectively. Table 1.1 
shows the few most commonly used PBDE congeners that are often found in the 
environment.   
With octanol-water partition coefficients (log Kow) between 4.3 and 9.9, 
PBDEs can be considered lipophilic (WHO/IPCS, 1994). PBDEs have boiling points 
ranging from 310 to about 430 °C (de Boer et al., 2000), vapor pressures between 
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3.85 and 13.3 Pa at room temperature, and melting points from 20 up to 300 °C 
(WHO/IPCS, 1994).  Considering their low vapour pressures, low water solubility and 
high octanol/water partition coefficient (log Kow) values, it is expected that PBDEs 
entering the environment will tend to bind to the organic fraction of particulate matter, 
soils/sediments and lipids of organisms rather than dissolved in water.  
 
Table 1.1 Commonly used PBDE congeners 
 
 
PBDE can either exist as individual congeners or in mixtures. Generally, there 
are three common mixtures of these chemicals — penta-, octa-, and deca-BDE 
mixture.  These mixtures typically consist of congeners from more than one homolog 
group. The average compositions of the different PBDE homolog groups for the 
mixtures are shown in Figure 1.2.   These commercial mixtures of PBDEs may be 
known by their industrial trade names, (i.e., DE-60F Special, DE-61, DE-62 and DE-
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71 refer to penta-BDE mixtures; DE-79 refers to octa-BDE mixtures; DE 83R and 
Saytex 102E refer to deca-BDE mixtures).  
 
 
Figure 1.2 Composition of commonly used technical PBDE mixtures. (La Guardia et 
al., 2006). 
 
Due to its flame retarding properties, PBDEs are used as additives in plastics, 
polyurethane foams and textile coatings at concentrations up to 30% by weight. As 
such, PBDEs can be found in various household consumer products, such as 
electronics, toys, electrical appliances, textiles and furnishings (BSEF, 2005). The 
global market demand for PBDEs in 2001 was 56,000 metric tons for deca-BDE 
mixture, 7500 metric tons for penta-BDE mixture and 3800 tons for octa-BDE 
mixture (Hites, 2004). Octa- and deca-BDE mixtures are mainly found in plastic 
electronics housings and smaller components, while penta-BDE mixtures are 
primarily used in polyurethane foams and textiles. Because PBDEs are not chemically 
bound to these products, it is inevitable that PBDEs leach out from these materials 
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during product usage and disposal, into the environment. Consequently, PBDEs are 
commonly detected in the environment (refer chapters 1.3 & 1.4), and because of their 
potential toxicity (refer chapter 1.5), the use of penta-BDE and octa-BDE commercial 
products was banned in Europe in 2004 and voluntarily phased out in the U.S. 
(Renner, 2004).  
 
1.3 Occurrence of PBDEs in Environment 
As a result of the widespread use, PBDEs became ubiquitous environmental 
contaminants with increasing levels detected in the environment and biota. The first 





 of deca-BDE (congener 209) in the atmospheric air samples collected near a 
brominated flame retardant manufacturing plant  (Zweidinger et al., 1979). PBDEs 
began to receive worldwide scientific and public attention when a temporal study 
revealed increasing concentrations of PBDEs in Swedish human breast milk from 
1972 to 1997 (Meironyte et al., 1999). Since then, numerous studies have been 
conducted on PBDEs and they are found in various biota and environmental 
compartments.  
PBDEs have been detected in soil and sediments worldwide, in countries like 
China, the United States of America, the Netherlands, the United Kingdom, Sweden, 
Japan and Singapore   (Sellstrom et al., 1998; Allchin et al., 1999; Watanabe et al., 
1986; Wurl & Obbard, 2005). In China, Zou and co-workers detected PBDE 
congeners 28, 47, 66, 100, 99, 154, 153, 138, 183 with concentrations ranging from 
0.13 to 3.81 ng/g and congener 209 with an average concentration of ~13.8 ng/g in the 
surface soils of the Pearl River Delta (Zou et al., 2007). Additionally, Leung et al. 
reported one of the highest PBDE concentrations, in soil (ranging from 2720 - 4250 
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ng/g) and combusted residues (ranging from 33,000 – 97,400 ng/g) obtained from 
Guiyu, Guangdong, China (Leung et al., 2007). Sediment samples collected from 
Hadley Lake in Indiana, USA revealed that BDE-209 was the most abundant 
congener, ranging from 19 to 36 ng/g, while the concentration of  lower brominated 
congeners (e.g congeners 99, 153, 154, 47 and 100) were ≤ 5 ng/g on average 
(Dodder et al., 2002). On a local context, congener 47 was detected at a concentration 
range of 3.4 to 13.8 ng/g in sediments from four sample locations in Singapore (Wurl 
& Obbard, 2005). PBDE burdens in soil and sediments have also increased over time, 
as reported in a temporal study of sediment core data from the Baltic Sea – congener 
47 increased 4-8 folds while congener 99 increased 10-20 folds from 1939 to 1987 
(Nylund et al., 1992). Sediment core studies in Drammenfjord near Oslo, Norway 
showed increasing PBDE concentrations from 1975 to 1999, with a doubling time of 
~3 years until the mid-1980s, after which the concentrations seem to have leveled off 
(Zegers et al., 2000).  
PBDEs are consistently detected in sewage sludge. Sewage sludge from 16 
wastewater treatment plants in Switzerland showed mean concentrations of 44.4, 40, 
5.9, 310 μg/kg dry matter for congeners 47, 99, 100 and 209  respectively (Kupper et 
al., 2008). The concentrations of the same congeners were also the highest in sludge 
from the US, with mean concentrations of 757, 944, 165 and 1183 μg/kg dry matter 
for congeners 47, 99, 100 and 209 (North, 2004). Wastewater sludge from four 
regions in North America were reported to contain tetra-, penta- and hexa-BDEs 
(congeners 47, 99, 100, 153 and 154) and deca-BDE (congener 209) with average 
concentrations of 1600 and 1000 μg/kg per kg dry matter (Hale et al., 2003). Overall, 
higher levels of PBDEs have been reported in sludge in the US compared to those 
found in Europe. 
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PBDEs have been detected in both urban and rural atmospheric environments.  
PBDEs  (congeners 47, 99, 100, 153 and 154) with concentrations ranging from 5 
pg/m
3
 to about 52 pg/m
3
 were detected in atmospheric samples collected between 
1997 and 1999 from the Great Lakes region (Strandberg et al., 2001). In another 
study, outdoor air in 22 European countries was analyzed for PBDE congeners 28, 47, 
49, 75, 99, 100, 153, 154 (Figure 1.3). The highest PBDE concentrations were found 
in the UK (site 68:43 ng/sample), followed by Italy, Netherlands, Switzerland, Greece 
and Spain while considerably lower PBDE levels were detected in France and 
Germany (Jaward et al., 2004).   
 
Figure 1.3 Spatial distribution of PBDEs (ng/samples June 15 to July 30, 
2002) throughout Europe.  Key: Largest bar [43 ng/sample (site 68)]. PBDE 
concentrations are total PBDEs of congeners 28, 47, 49, 75, 99, 100, 153, 154 
(Jaward et al., 2004). 
PBDEs were first detected in domestic indoor dust samples collected from 
homes in Washington, DC metropolitan area in the US by Stapleton et al - congeners 
present in penta- and deca-BDE mixtures were found, ranging from 780 ng/g dry 
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mass to 30,100 ng/g dry mass (Stapleton et al., 2005). PBDEs were also detected in 
domestic indoor dust worldwide, in countries as diverse as Canada, China, New 
Zealand and the United Kingdom  (Harrad et al., 2008; Chen et al., 2010).  
Concentrations of congener 209 in UK dust samples were – at 520,000 and 
100,000 ng/g – the highest ever recorded in a domestic indoor dust sample (Harrad et 
al., 2008). 
 
1.4 PBDEs in biota 
PBDEs are commonly detected in biota, indicating that they are persistent and 
bioaccumulative substances. PBDEs have been detected in more than 50 animal 
species at different trophic levels in Asia, Europe, North America and the Arctic and 
in most species, lower-brominated PBDEs (congeners 47 and 99) are the predominant 
ones found (de Wit et al., 2006). Ikonomou observed a ten-fold increase of total 
PBDE concentrations in Canadian artic ringed seals from 1981 to 2000 (Ikonomou et 
al., 2002). Six major PBDE congeners  (congeners 28, 47, 99, 100, 153 and 154) were 
detected in invertebrate species like whelk (Buccinum undatum), seastar (Asterias 
rubens), and hermit crab (Pagurus bernhardus), the gadoid fish species whiting 
(Merlangius merlangus) and cod (Gadus morhua), and the marine mammal species 
harbor seal (Phoca vitulina) and harbor porpoise (Phocoena phocoena) from the 
European North Sea region(Boon et al., 2002). Norstrom and co-workers detected 
total PBDE concentrations ranging from 192 to 1400 µg/kg (wet weight of egg 
contents) in Herring gull eggs collected from routine monitoring colonies throughout 
the Great Lakes region in North America. Between 1981 and 2000, PBDE levels in 
archived herring gull eggs collected from Lake Ontario, Lake Huron and Lake 
Michigan increased 56, 21 and 75 folds, respectively (Norstrom et al., 2002).  In 
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China, eggs of nine bird species namely, Saunders‘s gull, common tern, Kentish 
plover, black-winged stilt, oriental pratincole, common coot, ring-necked pheasant, 
mallard and swan goose, were found to contain PBDEs ranging from 1.1 to 233 ng/g 
lipid (Gao et al., 2009).  
PBDE congeners are also routinely detected in human samples. Very high 
PBDE levels have recently been found in milk (Kalantzi et al., 2004; Schecter et al., 
2003; Schecter et al., 2005), blood including fetal blood (Mazdai et al., 2003; Morland 
et al., 2005; Schecter et al., 2005; Sjodin et al., 2004), placenta (Doucet et al., 2009), 
and adipose tissue (Johnson-Restrepo et al., 2005; She et al., 2002). Generally, PBDE 
concentrations in the human population have increased by a factor of ~100 during the 
last 30 years (Hites, 2004). A study on human breast milk from Sweden revealed an 
exponential increase in PBDE levels between 1972 and 1997 (Figure 1.4). Total 
PBDE concentration in human milk increased from 0.07 to 4.02 ng/g lipids during the 
25-yr period studied (Meironyte et al., 1999). Levels of PBDEs (sum of seven 
congeners) in human milk from Canada increased nearly an order of magnitude 
between 1992 (3.0 ng/g lipid) and 2002 (22 ng/g lipid) (Ryan & Patry, 2000). In the 
U.S., significantly higher PBDE levels were found in 47 individual human breast milk 
samples collected during 2002 in Texas, in which the concentrations ranged from 6.2 




Figure 1.4 Concentrations of PBDEs in Swedish breast milk (ng/g lipids) by 
year. (Meironyte et al., 1999). 
 
  A temporal study of PBDE levels in human serum from the United States 
showed that in 1985, the total PBDE (comprising congeners 47, 85, 99, 100, 153 and 
154) concentration ranged from 4.6 to 74 ng/g lipid, while in 2002, the total PBDE 
concentration increased and ranged from 47 to 160 ng/g lipid (Sjodin et al., 2004).  In 
Tianjin, China, human serum from office cleaners, university students and policemen 
were found to contain PBDEs (sum of 41 congeners) ranging from 0.48 to 1980 ng/g 
lipid with a median concentration of 7.1 ng/g lipid.  The most commonly detected 
lower brominated  PBDEs were congeners 47 (30% of total), 99 (24%), 183 (15%), 
153 (12%), 28 (9.5%), and 100 (6.2%) (Zhu et al., 2009). In Singapore, an 
investigation conducted on the occurrence of PBDEs in maternal adipose tissue of  16 
expectant mothers revealed  high levels of congener 47 (between 0.5 to 9.01 ng/g, 
mean of 2.89 ng/g), which is the highest among  the tested congeners (ie. congeners 
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99, 100, 153 and 154) (Li et al., 2005).  In summary, PBDEs are ubiquitous pollutants 
that can be found worldwide at varying concentrations.  Results also showed that 
PBDE concentrations in most environmental compartments have exponentially 
increased with a doubling time of about 4-6 years (Hites, 2004).  Lower brominated 
PBDEs such as congeners 47, 99, 100 and 153 are among the most prevalent PBDEs 
in the environment and among these congeners, congener 47 is the most frequently 
reported PBDE congener. 
 
1.5 Adverse health effects of PBDEs  
Unless stated, all toxicological studies reported in this section have been 
conducted on animals (e.g. rats/mice). These studies showed that exposure to PBDEs 
pose a significant health risk, including endocrine disruption, neurodevelopmental 
disorders, reproductive disorders, and possibly, cancer. 
PBDEs are proven endocrine disruptors, specifically the disruption of thyroid 
hormone due to the structural similarities between PBDEs and the endogenous 
hormones, causing them to compete for the same hormone binding sites (Birnbaum & 
Staskal, 2004; Darnerud et al., 2001; Zhou et al., 2001). For example, thyroid 
hormones 3,3,5-triiodothyronine and 3,3,5,5 tetraiodothyronine (thyroxine, T4) which 
function to regulate the development, growth and metabolism of the fetal and neonatal 
brain, are similar to hydroxylated PBDE metabolites in structure (Figure 1.5).  
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Figure 1.5 Structural similarities between T4 hormone and hydroxylated PBDE. 
It was found in an in vitro study that the binding of thyroid hormones (T4) to 
the protein transthyretin were inhibited by hydroxylated PBDEs (Meerts et al., 2000).  
Estrogenic effects of PBDEs were observed in human T47D breast cancer cells stably 
transfected with an estrogen responsive luciferase reporter gene construct (pEREtata-
Luc), with the highest estrogenic activity observed for congener 100, 75 and 51 
(Meerts et al., 2001).  PBDEs have also been shown to alter liver function, which 
leads to the homeostatic disruption of thyroid hormones and vitamin A. (Ellis-
Hutchings et al., 2006; Zhou et al., 2001). 
Penta-BDEs, specifically congener 99 also interfere with sexual development 
and sexually dimorphic behaviours, resulting in delayed puberty, decreased follicle 
formation and increased sweet preferences in male rats (Lilienthal et al., 2006).  
Stoker et al. (2005) showed that the delayed onset of puberty and decreased size of 
androgen-dependent tissues could be attributed to competitive binding of penta-BDEs 




Perinatal exposure to PBDEs is also of concern, especially with reports of 
animal studies of altered cognitive functions at old age (Viberg et al., 2003a, Viberg 
et al., 2003b). Exposure to PBDEs during brain development is known to cause 
neurologic dysfunction (Viberg et al., 2003a). Neonatal exposure to congener 209 was 
shown to result in behavioral and developmental effects and worsen with increase in 
age (Viberg et al., 2003b). Eriksson et al. observed alterations in behaviour, such as 
hyperactivity and effects on learning and memory after congener 99 exposure 
(Eriksson et al., 2001). Eriksson further showed that exposure of congener 99 to 
newborn mice significantly impaired spontaneous motor behavior and habituation 
capability at the age of 6 months (Eriksson et al., 2006). Recently, in a human in vitro 
model for brain development, tetra- and penta-BDEs (congeners 47 & 99, 
respectively) were found to disturb neural migration and differentiation by disruption 
of cellular thyroid hormone signaling at environmentally relevant concentrations 
(Schreiber et al., 2010).   
Based on its structural similarities to other persistent organic pollutants (POPs) 
such as PCBs and dioxins, PBDEs, in particular lower brominated ones, are 
potentially carcinogenic and their exposure has been linked to tumor formation and 
cancer in humans. One study implied an association between adipose tissue levels of 
congener 47 and the risk of non-Hodgkin lymphoma.  It was found that cancer 
patients had elevated levels of congener 47 compared to non-cancer patients (Hardell 
et al., 1998). Other studies have also reported similar associations (Helleday et al., 






1.6 Problem statement 
The ubiquity of PBDEs in the environment, its recalcitrant and 
bioaccumulative nature, coupled with growing evidence of its toxicity, have drawn 
global concerns towards PBDEs. This concern is clearly reflected by its recent 
classification as persistent organic pollutants (POPs) by the United Nations 
Environmental Programme (UNEP, 2009). Hence, there is a crucial need for the 
removal of these harmful and persistent compounds by degrading it to more benign 
end products. Conventional remediation methods focusing on physical-chemical 
approaches have proven inadequate for achieving acceptable environmental cleanup 
goals, because they do not convert certain hazardous substances to safer end products 
but instead only contain and concentrate these hazardous substances. In contrast, the 
utilization of naturally occurring microorganisms to breakdown toxic and hazardous 
compounds is safer, cost effective and can be performed in-situ (Perelo, 2010). Most 
importantly, microorganisms have been shown to convert highly toxic substances to 
benign end products (e.g. dechlorination of TCE to ethene by Dehalococcoides 
species) or to less toxic end products which are then amenable to complete 
mineralization (Maymó-Gatell et al., 1997 ; Dickel et al., 1993).   
Despite its promise, microbial debromination is an area which is relatively 
new with regard to PBDE removal approaches. To date, only a few studies have been 
conducted on microbial PBDE debromination. Microbially mediated reductive 
dehalogenation is one of the most important routes for environmental transformation 
of PBDEs, therefore, the environmental fate of PBDEs relies on the extent of PBDE 
degradation by microorganisms in the environment. However, the extent of 
degradation of most PBDE congeners is still poorly understood. This, in turn, has 
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hampered the understanding on the fate of PBDEs in the environment and the use of 
microorganisms for in situ bioremediation.  
It has been shown that PBDEs are amenable to microbial reductive debromination, 
however, more focus has been placed on the debromination of higher brominated 
congeners such as octa- and deca-BDE mixtures (Robrock et al., 2008; He et al., 
2006; Gerecke et al., 2005). Only partial debromination of the higher brominated 
congeners (e.g., octa- and deca- BDE mixtures) were observed, leading to the 
accumulation of more toxic tetra- and penta- BDEs (Lee & He, 2010; Robrock et al., 
2008; He et al., 2006; La Guardia et al., 2007). Therefore, it has been suggested that 
microbial PBDE debromination of these higher brominated congeners is one of the 
possible sources of more toxic PBDE congeners in the environment.  Considering the 
still widespread commercial applications of octa- and deca- BDE mixtures and the 
historical usage of over 100,000 metric tons of penta-BDE mixture in commercial 
products since the 1970s (UNEP, 2007), a further increase of tetra- and penta- BDE 
levels in the environment is thus expected.  Importantly, tetra and penta-BDE 
congeners (congeners 47, 99 and 100) are among the most toxic, prevalent and 
bioaccumulative PBDE congeners among the 209 PBDE congeners (Hites, 2004).  
There is a current need for microbial debromination studies on penta- and tetra-BDEs 
(congeners 47, 99 and 100) to be conducted, to assess the degradation efficacy of 
these hazardous and widespread contaminants to safer end products. 
An important issue in the debromination of PBDEs relates to the slow rate of 
debromination.  To date, microbial PBDE debromination requires the presence of an 
external electron acceptor, suggesting that debromination occurred in a cometabolic 
process (Table 2.1 and 2.2).  As observed in those studies, cometabolic debromination 
processes are often slow, inefficient and incomplete.  In contrast, microorganisms 
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capable of metabolic debromination tend to outcompete other microorganisms in 
growth, resulting in more efficient contaminant removal and hence are more desirable 
for bioremediation applications. However, microorganisms with such capabilities 
have not been reported thus far. 
Dehalococcoides are versatile organisms shown to degrade an array of 
contaminants such as chloroethenes, chloroethanes, chlorinated dioxins, chlorinated 
biphenyls, chlorobenzenes and chloronaphthalenes (He et al., 2005; Fennell et al., 
2004a; Adrian et al., 2009; Bunge et al., 2003; Adrian et al., 2000; He et al., 2003b).  
To date, all Dehalococcoides isolates require chlorinated compounds as metabolic 
electron acceptors and hydrogen as electron donor (Taş et al., 2010; Maphosa et al., 
2010). However, apart from chloroethene-contaminated sites, Dehalococcoides can 
also be found in environments where chlorinated compounds are not found (e.g. 
pristine sites and marine sponges) (He et al., 2005; Rahm et al., 2006; Ahn et al., 
2003). This, coupled with the fact that these microorganisms strictly require 
halogenated compounds as electron acceptors, suggests that it is likely that they can 
also utilize non-chlorinated halogenated compounds. However, little is known with 
regard to its ability to utilize other non-chlorinated halogenated compounds.   
Another important aspect is the microbial interactions between microorganisms in 
dehalogenating communities, specifically the interactions between Dehalococcoides 
and other microorganisms. It has been suggested that such interactions (e.g. 
syntrophism) may play a role in catalyzing contaminant degradation because it was 
found that Dehalococcoides typically grow better in a mixed community on which 
they depend on other populations for H2 supply, compared those maintained as pure 
culture (He et al., 2007; Cheng & He, 2009; Islam et al., 2010). However, little is 
known on the interactions of Dehalococcoides with microorganisms that supply H2 to 
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them in nature.  The isolation of syntrophs in syntrophic dehalogenating communities 
may facilitate the comprehension of their specific roles and allow for quantitative 
assessments of their syntrophic growth. Such information may prove useful for 
providing better growth conditions to thrive in complex communities in contaminated 
sites.  
The insights gained from studying the above issues/gaps will offer insights on the 
novel debromination pathways and metabolism, types of microorganisms capable of 
PBDE debromination and enable the elucidation of environmental fate of various 
toxic compounds. This, in turn will enable the optimization of engineered 




The primary objective of this study is to investigate the anaerobic microbial 
dehalogenation of PBDEs, in order to exploit the capabilities of indigenous soil 
microorganisms for the detoxification of these highly toxic and recalcitrant 
compounds.  The specific objectives of this dissertation are to:  
 
1. Assess the PBDE debromination capabilities of soil microorganisms obtained 
from various regions on the technical octa-BDE mixture and evaluate 
debromination without any external amendment of electron acceptor (e.g. 





2. Cultivate and characterize anaerobic microorganisms capable of rapid and 
complete debromination of highly toxic penta- and tetra-BDE to less toxic end 
products (e.g diphenyl ether), preferably via a metabolic debromination 
process. 
 
3. Investigate the microbial interactions (e.g syntrophism) in dehalogenating 
communities under hydrogen limiting conditions. 
 
4. Isolate anaerobic microorganisms capable of dehalogenating PBDEs and other 
halogenated compounds (e.g. chloroethenes and bromophenols), preferably via 
a metabolic dehalogenation process.  
 
1.8 Organization of thesis 
This thesis is divided into the following chapters: 
 Chapter 2: Literature review 
This chapter aims to provide a comprehensive review on the reductive dehalogenation 
process, the dehalogenation of various halogenated compounds (e.g. PBDEs, 
chloroethenes and bromophenols) and microbial interactions, specifically 
syntrophism. Finally, non-microbial PBDE degradation processes will also be 
reviewed. 
 Chapter 3: Reductive Debromination of Polybrominated Diphenyl Ethers 
(PBDEs) by Anaerobic Bacteria from Soils and Sediments. 
This chapter seeks to explore the capabilities of soil microorganisms obtained from 
various regions to debrominate a technical octa-BDE mixture. Efforts will also be 
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made to evaluate debromination without external addition of TCE and to screen for 
novel anaerobic microorganisms with desirable metabolic capabilities. 
 Chapter 4: Complete Debromination of Tetra- and Penta- Brominated 
Diphenyl Ethers by a Coculture Consisting of Dehalococcoides and 
Desulfovibrio species. 
This chapter describes the cultivation and characterization of a coculture, designated 
GY2 that metabolically detoxify PBDEs to generate final non-brominated endproduct, 
diphenyl ether.  
 Chapter 5: A Unique Dehalococcoides Strain that Produces Hydrogen in 
Syntrophic Association with a Hydrogenotrophic Partner and Utilizes 
Brominated Compounds as Metabolic Electron Acceptors. 
This chapter describes the isolation and characterization of a novel Dehalococcoides 
strain that was found to utilize brominated compounds (bromophenol) as metabolic 
electron acceptors and syntrophically oxidize acetate to generate hydrogen under 
hydrogen limiting conditions. 
 Chapter 6: Conclusions and recommendations 
This chapter presents the major conclusions of this study and discusses 
























2.1 Microbial dehalogenation processes 
Dehalogenation refers to the sequential removal of halogen atoms (e.g. 
chlorine, iodine, bromine, fluorine) from molecules. Microbial dehalogenation 
processes occur either aerobically or anaerobically. In aerobic processes, oxygen 
serves as an electron acceptor, whereas under anaerobic conditions other electron 
acceptors such as iron (III), nitrate, sulfate, carbon dioxide or halogenated compounds 
(e.g. PBDEs, TCE/PCE) themselves are used. Aerobic degradation processes are 
typically more effective towards halogenated organics with a low degree of 
halogenation (i.e. 3 or less halogen substituent) as these halogenated organics are 
more reduced. It has been reported that aerobic degradation of the lower order 
halogenated compounds is mainly due to co-metabolic reaction (Häggblom & 
Bossert, 2003). The oxygenase enzyme systems in the aerobic system were often 
responsible for these fortuitous degradation (Häggblom & Bossert, 2003). However, 
these enzymes were only induced by the primary organics and the halogenated 
compounds often had to compete with the former, leading to a reduction in the 
degradation of the halogenated compounds.  Anaerobic degradation processes are 
typically more suited to degrade highly halogenated organics, as these compounds are 
more susceptible to dehalogenation in the anaerobic environment due to their more 
oxidized state (Armenante et al., 1999).  
 
2.1.1 Metabolic and cometabolic microbial dehalogenation processes 
Microorganisms that catalyze dehalogenation reactions can either couple the 
reaction to its own metabolism to benefit from the energy released (i.e. metabolic 
reaction), or they may carry out dehalogenation according to a co-metabolic reaction.  
In a co-metabolic reaction, dehalogenation is not coupled to growth and is a form of 
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fortuitous metabolism carried out by enzymes or cofactors which normally catalyze 
other reactions. The microorganism involved has no apparent benefit from a 
cometabolic transformation (Janssen & Dekoning, 1995). Examples of cometabolism 
include the reductive dechlorination of PCE by sulfate reducers (Cole et al., 1995), 
methanogens (Fathepure & Boyd, 1988; Freedman & Gossett, 1989) , or acetogens 
(Terzenbach & Blaut, 1994).  In a metabolic dehalogenation reaction, microorganisms 
couple dehalogenation to energy conservation and thus use the halogenated compound 
as a source of metabolic energy. Metabolic microbial transformation of halogenated 
compounds can occur via three different mechanisms under anoxic conditions 
(Häggblom & Bossert, 2003). Firstly, halogenated compounds can be biotransformed 
via oxidative conversions and act as an electron donor and source of organic carbon 
(primary substrate), (Häggblom & Bossert, 2003). The presence of an electron 
acceptor such as iron (III), nitrate, sulfate or carbon dioxide is required in these 
reactions. The second mechanism for metabolic dechlorination is fermentation. In the 
case of fermentative conversions, the halogenated compound serves as an electron 
donor, electron acceptor and carbon source (Mägli et al., 1996; Traunecker et al., 
1991). For the third mechanism, the halogenated compound serves as a terminal 
electron acceptor for anaerobic microoganisms in a metabolic reductive 
dehalogenation process. When this reaction is coupled to growth, the process is 
termed dehalorespiration (Holliger & Schumacher, 1994).  
 
2.1.2 Microbial dehalogenation of halogenated organohalides 
Previous anaerobic microbial dehalogenation studies have shown that a wide 
range of halogenated organohalides such as chlorinated alkanes and alkenes, 
chlorinated ethanes and ethenes, halogenated benzenes and phenols, polychlorinated 
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biphenyls and dioxins are readily degradable by widespread microorganisms present 
in the environment. Numerous microrganisms have been implicated in such reductive 
dehalogenation process, namely Anaeromyxobacter, Desulfitobacterium, Geobacter, 
Sulfurospirillum, Desulfomonile, Desulfuromonas, Desulfovibrio, and Trichlorobacter 
(Maphosa et al., 2010). These microorganisms are metabolically versatile with respect 
to their spectrum of electron donors and acceptors (Smidt & de Vos, 2004; Maphosa 
et al., 2010). Dehalococcoides and Dehalobacter spp. isolates, on the other hand, are 
highly specialized bacteria that strictly depend on dehalorespiration for growth and in 
most cases, depend strictly on hydrogen as the electron donor (Smidt & de Vos, 2004; 
Maphosa et al., 2010) (Figure 2.1). These microorganisms have been extensively 
studied (Smidt & de Vos, 2004; Maphosa et al., 2010), with the ultimate aim of 
understanding the impacts they have on pollutants in the environment and to exploit 
their capabilities for the restoration of contaminated environments. The following 
section describes the dehalogenation processes of various halogenated compounds by 





Figure 2.1 Phylogenetic tree of dehalorespiring bacteria based on bacterial 16S rRNA 
sequences. Abbreviations: CF, chloroform; DCA, dichloroethane; DCE, 
dichloroethene; HCH, hexachlorocyclohexane; PCB, polychlorinated biphenyls; PCE, 
tetrachloroethene; TCE, trichloroethane; TCA, trichloroethene; VC, vinyl chloride. 
(Maphosa et al., 2010) 
 
2.1.2.1 Microbial debromination of PBDEs by mixed cultures 
PBDEs were initially thought to be resistant to microbial degradation.  One of 
the earlier studies on microbial PBDE debromination failed to show debromination 
activity on PBDE congeners 209 and 47 in microcosms amended with anaerobic 
sediments even after 32 weeks of incubation (Schaefer & Flaggs, 2001). Since then, 
microbial degradation of PBDEs has been reported to occur both under aerobic or 
anaerobic conditions in mixed cultures established with anaerobic sewage sludge or 
anaerobic soil/sediments (He et al., 2006; Gerecke et al., 2005; Rayne et al., 2003; 
Tokarz et al., 2008; Robrock et al., 2008; Vonderheide et al., 2006).  
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The anaerobic microbial debromination of PBDEs by mixed bacterial 
consortias was first demonstrated by Rayne and co-workers in 2003, using 
colonization water from a wetland near a munition dump as the seed inoculum (Rayne 
et al., 2003). Debromination of Di-BDE (congener 15) was found to occur within a 
fixed-film plug-flow biological reactor with hydraulic retention times of 3.4 and 6.8 
hrs, leading to accumulation of mono-BDE (congener 3) and diphenyl ether as the 
debromination end product. The rate-limiting step of this sequential debromination 
process was found to be the reduction of congener 15 to congener 3, after which it 
readily debrominates to diphenyl ether and then undergoes rapid anaerobic 
transformation to other unknown by-products. 
A recent study by He and co-workers showed that Dehalococcoides 
enrichment cultures (EC 195 and ANAS 195) were able to debrominate the congeners 
in a technical octa-BDE mixture, generating various hepta- to di- BDEs within ~ 3 
months. ANAS195 was found to  generate ~ 500nM of debromination products 
(including the highly toxic congeners 99 and 47) after an incubation period of 12 
months (He et al., 2006). Because most product peaks could be positively identified, 
they were classified based on their signature mass-ion ratio from GC-MS analysis to 
their respective homologue groups. Based on the identified congeners, a 
debromination pathway was proposed – congeners in commercial octa-BDE mixture 
(congeners 207, 203, 197, 196, 183 and 153) were all found to be debrominated to 
congener 99 and 47 as the terminal/final debromination end product. 
Recently, a trichloroethene-enriched microbial consortium containing multiple 
Dehalococcoides species debrominated PBDE congeners in commercial octa-BDE 
mixture (congeners 203, 197, 196, 183 and 153) as well as congener 99 and 47, 
resulting in the generation of products ranging from hepta- to di-BDEs within 3 
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months (Robrock et al., 2008). To obtain better separation and identification of the 
PBDE congeners, a comprehensive two-dimensional gas chromatography (GC × GC) 
coupled to an electron capture detector was utilized for PBDE analyses. With the 
improved separation enabled by GC × GC, a number of peaks could be matched to 
PBDE standards and identified. The degradability of congeners 99 & 47 was further 
investigated by Tokarz (Tokarz et al., 2008)  using anaerobic sediments supplemented 
by dextrose and methanol. However, only minimal degradation was observed for 
congener 99. Debromination products formed include congener 17 (Tri), congener 28 
(Tri) and congener 66 (Tetra). Although congener 47 decreased in concentration after 
8 months, no obvious corresponding debromination product was generated (Tokarz et 
al., 2008). In another study, the authors demonstrated reductions in concentration of 
congeners 47, 99, 100, 153 and 154 resulting from incubation with anaerobic mixed 
cultures derived from river sediment; however, no debromination products were 
successfully identified (Yen et al., 2009).  
Studies on microbial debromination of congener 209 (deca) using sewage 
sludge as the seed inoculum showed that 5% of deca-BDE (11.2nM) was 
debrominated to nona- and octa-BDEs (0.5nmol) after 238 days (Gerecke et al., 
2005). Tokarz also investigated whether deca-BDE 209 was debrominated by 
microbes in anaerobic sediments to lower brominated congeners (Tokarz et al., 2008). 
Deca-BDE 209 was found to be more extensively debrominated compared to the 
previous study - debromination endproducts ranged from nona- to hexa-BDEs. 
However, the incubation period required for such debromination was 3.5 years.    
The studies reviewed in this section (refer to Table 2.1) clearly demonstrated 
that, although occurring at slow rates, a broad range of PBDEs ranging from deca- to 
mono-BDEs, were found to be amenable to anaerobic microbial debromination. 
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Although the complete removal of bromines from environmentally relevant PBDE 
congeners (e.g. congeners 47, 99, 100, 153, 183, 209) have not been described, the 
results from the reviewed studies clearly demonstrated the potential of achieving 
detoxification of PBDEs through microbial biodegradation.  The following section 
will focus on studies of PBDE debromination by pure microbial isolates.
28 
 




Co-electron aceptor or 
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hepta through di-BDE congeners when 
fed with octa-BDE mixture. no 
debromination observed for deca-BDE. 
TCE 3 months 
He et al., 
2006    








hepta through di-BDE congeners when 
fed with octa-BDE mixture. no 
debromination observed for deca-BDE. 
TCE 3 months 
He et al., 
2006    










Di-BDE (congener15) to mono-BDE 
(congener 3) and Diphenyl ether 
None 








al., 2003    










Penta 99 (3% decrease in mole fraction) 
to tetra 66, tetra 47, tri 28.  Tetra 47 
decreased 30 by 30% but without 
concurent increase of daughter 
compounds. Deca 209 debrominated to 
octa- (congener 197), hepta- (congener 
184 &191) and hexa-BDEs (congeners 
128 and 138) 








al., 2008    







Deca 209 decreased by 30% from 11.2 
nmol (10 nmol of spiked + 1.2 nmol of 
BDE-209). Nona-BDE congeners 208, 
207, 206 and unidentified octa-BDE 










   








Concentration of penta 99 & 100 and 
Hexa 153 & 154 decreased by < 20 %. 
Tetra 47 completely undetectable. 
However, no debromination end 
products were found. 
None 70 days 
Yen et al., 
2009    






The added penta-BDE mixture (DE-71) 
no longer detectable after 2 hours. 
Transformation product unknown. 
yeast extract 2 hrs 
Vonderheide 




2.1.2.2 Microbial debromination of PBDEs by pure bacterial isolates 
Pure bacterial strains have been shown to biotransform PBDEs under both aerobic 
and anaerobic conditions (Robrock et al., 2009; Robrock et al., 2008; He et al., 2006). 
Under aerobic conditions, transformation of lower brominated PBDEs (hexa- through 
mono-BDEs) was achieved by polychlorinated biphenyl (PCB) degrading bacteria 
Rhodococcus jostii RHA1 and Burkholderia xenovorans LB400. In contrast, two other 
aerobic bacterial strains, Rhodococcus sp. RR1 and Pseudonocardia dioxanivorans 
CB1190 only transformed di- and mono-BDE congeners (Robrock et al., 2009).  
Biotransformation of PBDEs occured cometabolically as supplements and co-electron 
acceptors were required for the degradation process. Additionally, more toxic metabolites 
compared to the parent compound were formed, as evidenced by the generation of 
hydroxylated mono-BDE by Burkholderia xenovorans LB400 (Robrock et al., 2009). 
Since the other transformation products were undetermined, the possibility of forming 
other more toxic end products cannot be conclusively excluded. In another study, the 
debromination of mono-BDE congener was observed in a pure culture of aerobic bacteria 
Sphingomonas sp. Strain SS3 (Schmidt et al., 1993). Mono-BDE congener was 
debrominated to diphenyl ether before being further transformed to intermediates such as 
phenol and catechol. The formation of other intermediates could not be excluded since 
only 35% of the theoretical bromine ions released were detected (Schmidt et al., 1993).  
Although aerobic processes typically result in rapid decrease of PBDE concentration 
(particularly for lower brominated PBDEs), the inability to identify the byproducts and 
the formation of more toxic byproducts has raised questions on its applicability for 
detoxification of PBDEs. 
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Under anaerobic conditions, debromination of higher brominated PBDE 
congeners was observed (Table 2.2) - pure bacterial strain Dehalococcoides ethenogenes 
195 debrominated the octa-BDE mixture to hepta-, hexa- and penta-BDEs but failed to 
debrominate deca-BDE 209. Another strain, Sulfurospirillum multivorans, successfully 
debrominated deca-BDE 209 to unidentified hepta- and octa-BDE congeners, 
representing the only pure isolate to date  capable of debrominating deca-BDE (He et al., 
2006). Robrock et al. (2008) investigated the anaerobic reductive debromination 
capabilities of isolates from different dehalogenating microbial genera, namely 
Dehalobacter, Desulfitobacterium, Dehalococcoides and Desulfomonile (Figure 2.2). It 
was found that not all dehalogenating bacteria are capable of debromination, as 
evidenced by the inability of Dehalococcoides sp. strain BAV1 and Desulfomonile tiedjei 
DCB-1 to debrominate PBDEs even when amended with a primary electron acceptors 
(e.g. VC for strain BAV1 and 3-chlorobenzoic acid for strain DCB-1), (He et al., 2006; 
Robrock et al., 2008). Both Dehalobacter restrictus PER-K23 and Desulfitobacterium 
hafniense PCP-1 were both found to debrominate  octa-BDEs (congeners 203, 197 & 
196), hepta-BDEs (congener 183), hexa-BDE (congener 153), penta-BDE (congener 99) 
and tetra-BDE (congener 47)  to form various end products ranging from hepta- to di-
BDEs (Table 2.2) (Robrock et al., 2008). The PBDE debromination pattern in this study 
is predominantly via the removal of meta and para substituted bromines. Such removal 
patterns are similar to patterns observed in PCB and PBB dehalogenation studies 




Figure 2.2 Summarized PBDE debromination pathway for all tested congeners. Highlighted molecules are those that were applied as 
initial substrate. The cultures that produced each congener are listed by the reaction arrows. Asterisk (*) indicates congener that is 
presumptively identified due to lack of available standards (Robrock et al., 2008). 
                                                                                                                                                                                                                                                         











   
        
D. ethenogenes 
195 
No debromination observed for deca-
BDE.  Hepta through penta-BDEs 
generated as products of octa-BDE mix 
debromination 
TCE 6 months 
He et al., 
2006    
        
Sulfurospirillum 
multivorans 
Deca-BDE debrominated to octa- and 
hepta-BDEs. No debromination observed 
for octa-BDE mixture 
TCE 2 months 
He et al., 
2006    
        
Dehalococcoides 
sp. strain BAV1 
No debromination observed for either 
deca- or octa-BDE mixture 
TCE 12 months 
He et al., 
2006    
        
Dehalobacter 
restrictus PER-K23 
Octa 196, 197 and 203 to hepta 175, 
176,180,182,187, 184,183, & 191.  Hepta 
183 to hexa 153, 154, 149,144,139 and 
penta99. Hexa 153 to penta 101 & 99 
and tetra 48. Penta 99 to tetra 47,48,49. 
Tetra 47 to tri 17 and di 4. 




   
        
Desulfitobacterium 
hafniense PCP-1 
Octa 196, 197 and 203 to hepta 175, 
176,180,182,187, 184,183. Hepta 183 to  
hexa 153, 154, 149, 144 and penta99. 
Hexa 153 to penta 101 & 99 and tetra 
47. Penta 99 to tetra 66,47,48,49 and tri 







   
 













Similar debromination profile with ANAS 







   




Similar debromination profile with ANAS 







   
        
Desulfomonile 
tiedjei DCB-1 
No debromination observed for octa-
BDE mixture 
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2.1.2.3 Anaerobic microbial dechlorination of PCBs 
Polychlorinated biphenyls (PCBs) were widely used from the 1930s to 1970s 
for multiple industrial applications such as hydraulic fluid, dielectric fluid in 
capacitors and transformers, solvent extenders, etc. PCBs are also among the most 
hazardous environmental pollutants. The United States Environmental Protection 
Agency has classified PCBs as persistent organic pollutants or POPs due to its 
bioaccumulative and persistent properties and potential to pose adverse effects to 
human health and the environment. 
Microbially mediated PCB dechlorination in aquatic sediments is widespread 
and this process has significant implications for both risk assessment and remediation 
strategies. The role of microorganisms in anaerobic biotransformation of PCB was 
first shown by Quensen et al. (Quensen et al., 1988). Contaminated sediments from 
the Hudson River were incubated with 700 ppm of Aroclor 1242 – 53% of the total 
chlorine was removed after 16 weeks. In the following years, there were numerous  
reports on the anaerobic dechlorination of PCBs in sediment cultures from various 
environmental sources and under a wide variety of conditions (Nies & Vogel, 1990; 
Ofjord et al., 1994; Pagano et al., 1995; Berkaw et al., 1996). 
Until recently, progress in understanding microbial PCB dechlorination has 
been hampered by the lack of PCB- dechlorinating isolates. The first PCB-
dechlorinating anaerobe, bacterium o-17, was identified using denaturing gradient gel 
electrophoresis (DGGE). Bacterium o-17 was attributed as the functional 
microorganism in mixed enrichment culture catalyzing the ortho-dechlorination of 
tetra-CB (#65) to tri-CB (#23) and di-CB (#14), with acetate as electron donor (Cutter 
et al., 2001). DGGE was also utilized to identify the PCB-dechlorinating organisms in 
a highly enriched culture capable of para dechlorination of flanked chlorines from 
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2,3,4,5-Tetrachlorobiphenyl (Wu et al., 2002) by sequencing the DGGE band 
corresponding to the dechlorinating microorganism. The new bacterium, designated 
DF1, shares a high sequence similarity to the ortho-PCB-dechlorinating bacterium o-
17 and both are affliated with the phylum Chloroflexi. Recently, strain DF-1 was 
successfully isolated, however, DF-1 required the presence of Desulfovibrio spp. in 
co-culture or cell-free
 
extract for growth (May et al., 2008). Interestingly, the first 
species in the Dehalococcoides group to be isolated and described, Dehalococcoides 
ethenogens sp. strain 195, is able to dechlorinate penta-CB (#116) to tetra-CBs (#62 / 
#65) and tri-CB (#30) while utilizing perchloroethene (PCE) as its primary electron 
acceptor (Fennell et al., 2004a). Strain 195 is the first pure bacterial strain shown to 
dechlorinate PCBs. Another Dehalococcoides strain, CBDB1 has recently been 
shown to  dechlorinate PCB mixtures Aroclor 1248 and Aroclor 1260 after 4 months 
of incubation (Adrian et al., 2009). 
To date, most reports on microbial PCB dechlorination have showed that meta 
or para chlorines were predominantly removed during dechlorination, although ortho 
dechlorination of a few PCB congeners has also been observed (Berkaw et al., 1996). 
The preferential removal of meta or para chlorines reduces the ―dioxin-like‖ toxicity 
of PCB mixtures by converting ―dioxin-like‖ congeners into less chlorinated PCB 
congeners that possess no ―dioxin-like‖ toxicity. Ortho dechlorination of complex 
PCB mixtures has not been described before thus far. 
 
2.1.2.4  Anaerobic microbial dechlorination of chloroethenes 
Chloroethenes such as perchloroethene (PCE) and trichloroethene (TCE) are 
common groundwater pollutants. Natural biotic and abiotic processes acting on these 
compounds typically lead to the accumulation of toxic intermediates (e.g. 
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dichloroethenes, DCE) and carcinogenic intermediates (such as vinyl chloride). Due 
to the proven adverse effects on human health, the US EPA has established a 
maximum concentration level (MCL) of 5 ppb for tetrachloroethene (PCE) and 
trichloroethene (TCE), 70 ppb for cis-1, 2 dichloroethene (cis-DCE), 100 ppb for 
trans-DCE, and 2 ppb for vinyl chloride (VC).  
Considerable efforts over the last 2 decades have resulted in the isolation of 
microorganisms that can reductively dechlorinate chlorinated ethenes from 
contaminated and pristine soil/sediments. These isolates belong to different 
phylogenetic groups, including the low G+C Gram positive bacteria and different 
subdivisions of the Proteobacteria. However, the majority of the isolates, which are 
members of the Desulfitobacterium, Dehalobacter, Clostridium, Desulforomonas, 
Enterobacter, Dehalospirillum genus, were found to only partially dechlorinate 
TCE/PCE to cis-DCE as the predominant end product (Smidt & de Vos, 2004). To 
date, Dehalococcoides is the only bacterial genus demonstrating dechlorination 
beyond DCEs to VC and ethene (Smidt & de Vos, 2004). In fact, the presence of 
Dehalococcoides spp. has been associated with the full dechlorination to ethene at 
sites across North America and Europe (Hendrickson et al., 2002). Within the 
Dehalococcoides genus, the range of chloroethenes metabolized and cometabolized 
varies between the different species and strain types. For example, Dehalococcoides 
ethenogenes strain 195, the first isolated Dehalococcoides strain, metabolizes PCE, 
TCE, and cis-DCE and cometabolizes VC (Maymó-Gatell et al., 1997) to produce 
ethene. Conversely, stain BAV1 could grow with all the DCE isomers and VC as 
substrate (He et al., 2003a; He et al., 2003b), but it could only cometabolize TCE and 
PCE. Strain FL2, on the other hand, was found to dechlorinate TCE, trans-DCE and 
cis-DCE to VC (He et al., 2005) metabolically. Strain GT was able to utilize TCE, 
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cis-DCE, 1,1-dichloroethene (1,1-DCE) and VC as metabolic electron acceptors 
(Sung et al., 2006).  Most of these dechlorination pathways produces predominantly 
cis-DCE as intermediates and final end product during TCE/PCE dechlorination, 
(Figure 2.3). Such pathways might not be indicative of actual dechlorination pathways 
occuring in some chloroethene-contaminated sites in which trans-DCE can be the 
dominant end product in some sites. 
 
 
          Figure 2.3 Dechlorination pathway of PCE/TCE by anaerobic microorganisms. 
   
For example, trans-DCE was found in 563 out of the 1,430 Superfund 
National Priority List sites identified by the U.S. Environmental Protection Agency 
(EPA), while cis-DCE was detected only in 146 sites (ATSDR, 2007). This is 
alarming given that the trans-DCE tends to persist and disperse in the subsurface of 
chloroethene-contaminated sites (He et al., 2003a; Smidt & deVos, 2004), thus 
hindering the complete removal of chloroethenes. The predominant production of 
trans-DCE compared to cis-DCE, resulting from TCE/PCE dechlorination, was 
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initially only observed in microcosms and mixed cultures (Löffler et al., 1997; Griffin 
et al., 2004; Miller et al., 2005; Kittelmann & Friedrich, 2007; Futamata et al., 2007). 
This phenomenon was finally confirmed with the isolation of strain MB, which is the 
first Dehalococcoides isolate implicated in the production of trans-DCE as the 
predominant endproduct with a trans- to cis-DCE ratio of 7.3 (±0.4):1 (Cheng & He, 
2009). A reductive dehalogenase catalyzing the generation of trans-DCE, designated 
as mbrA, was subsequently identified in strain MB (Chow et al., 2010). The gene was 
suggested to serve as a biomarker to quantify trans-DCE producing Dehalococcoides 
sp in the environment. More recently, Dehalococcoides sp. strain CBDB1, which was 
previously shown to dechlorinate  chlorobenzenes (Adrian et al., 2000), 
polychlorinated dibenzodioxin (Bunge et al., 2003), chlorophenols (Adrian et al., 
2007) and commercial PCB mixture Aroclor 1260 (Adrian et al., 2009), was also 
found to dechlorinate TCE/PCE to generate trans-DCE predominantly, albeit at a 
different trans- / cis-DCE ratio (3.4(±0.2):1) from strain MB (Marco-Urrea et al., 
2011). 
 
2.1.2.5  Microbial debromination of bromophenols 
Brominated phenols are brominated derivatives of phenols, produced either 
through natural sources or anthropogenic sources. Brominated phenols are naturally 
excreted by marine organisms such as algae, polychaetes, marine sponges and 
hemichordates (Gribble, 2000; Ahn et al., 2003). Anthropogenic sources include 
vehicle emissions of leaded petrol (Muller & Buser, 1986). 2,4,6- TBP is the most 
widely used brominated phenol, at 9500 tonnes/year worldwide in 2001 (IUCLID, 
2003). This, coupled with their pervasive use as a reactive flame retardant 
intermediate or as a wood preservative, may result in release to the environment.  
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Bromophenols are associated with adverse health effects and have been shown to 
cause developmental neurotoxicity, estrogenic effects, and endocrine disruption 
(Ghosh et al., 2000; Lyubimov et al., 1998; Olsen et al., 2002) in animal studies.   
Similar to PBDEs, bromophenols also bind to human thyroxine hormone (T4), (Ghosh 
et al., 2000). 
The anaerobic biodegradation of monobromophenols by anaerobic 
microorganisms enriched from marine and estuarine sediments was tested under iron-
reducing, sulfidogenic and methanogenic conditions (Monserrate & Haggblom, 
1997). Monobromphenol (2-BP) was found to be debrominated under all three 
reducing conditions while 3-BP and 4-BP were only debrominated under sulfidogenic 
and methanogenic conditions (Monserrate & Haggblom, 1997). Phenol was generated 
in these cultures; however it was subsequently degraded as well, as confirmed from 
the decrease in concentration. Additionally, anaerobic microorganisms in the marine 
sponge (Aplysina aerophoba) were found to reductively debrominate brominated 
phenols, in which 2,4,6-TBP was almost completely dehalogenated to 
monobromophenol (4-BP) and phenol within 60 days. Debromination of 2,4,6-TBP 
and 2,6-DBP to 2-BP was more rapid than the debromination of the monobrominated 
phenols (Ahn et al., 2003).  
 The first bacterial strain capable of utilizing brominated phenols as metabolic 
electron acceptors was isolated in 1999 from estuarine sediments in Arthur Kill, New 
York/New Jersey, USA (Boyle et al., 1999). Results from this study suggested that 
the strain was capable of growth via halorespiration.  The isolate, Desulfovibrio sp 
strain TBP-1 was capable of reductively debrominating ~ 150 µM of 2,4,6-TBP to 
phenol within 20 days. The organism was found to debrominate 2-BP, 4-BP, 2,4-
DBP, 2,6-DBP, and 2,4,6-TBP, but not 3-BP or 2,3-DBP.  Subsequently, two other 
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anaerobic strains Propionigenium maris strain DSL-1 and ML-1  isolated from marine 
hemichordate and polychaete burrows, were both found to debrominate 2,4,6-
tribromophenol to phenol (Watson et al., 2000). Both strains are Gram-negative, non-
motile rod-shaped bacteria that required yeast extract as growth supplements. In 
contrast to the abovementioned Desulfovibrio strain, which can use bromophenols as 
terminal electron acceptor, the absence of growth stimulation or change in growth 
yield with the addition of higher bromophenol concentration indicated that 
debromination by strains DSL-1 and ML-1 is not coupled to growth (co-metabolic 
process). In the same year, an aerobic bacterium was isolated from the contaminated 
desert soil in Israel. The bacterium, designated as Achromobacter piechaudii strain 
TBPZ was found to debrominate 2,4,6-TBP, as evidenced by the detection of 
bromide. Yeast extract was required as the growth and nutritional supplement, 
including an additional carbon source for growth, to ensure the debromination of 
2,4,6-TBP. Additionally, the bacterium was unable to metabolize mono- or 
dibromophenols (Ronen et al., 2000). 
 
2.2 Microbial interactions in complex communities  
 In the natural environment, microorganisms do not live in isolation but in 
communities. These microbial communities interact with their environment in a 
myriad of ways. One such microbial interaction, termed syntrophism, refers to the 
mutual dependence of two different microorganisms to degrade electron-rich 
substrates like fatty acids, alcohols, and aromatics, typically for energetic reasons. 





2.2.1 Microbial syntrophism 
Anaerobic microorganisms usually depend on the cooperation of several 
metabolic types of bacteria in feeding chains. At least four physiologically different 
types of microorganisms are required, including primary and secondary fermenters, 
and two types of methanogenic archaea (hydrogenotrophic methanogens and 
aceticlastic methanogens).  The primary fermenters hydrolyze/breakdown polymers 
such as proteins, polysaccharides, nucleic acids and lipids to monomers such as 
sugars, pyrimidines, purines, acids and long chain fatty acids. The reduced products 
are then oxidized to acetate, hydrogen and carbon dioxide by the secondary 
fermenters (i.e. syntrophic bacteria). Hydrogen and carbon dioxide are converted to 
methane by the hydrogenotrophic methanogens, while the methanogenic acetate 
degradation is performed by aceticlastic methanogens. It is through these interactions 
that organic matter is eventually mineralized to methane and carbon dioxide (Schink 
& Stams, 2006). Figure 2.4 shows the entire process and the different bacterial types 
involved in the process.  
Syntrophy is seen as an essential intermediary step in such methanogenic 
mineralization process. Because large amounts of organic matter are microbially 
degraded, syntrophically assisted methanogenesis is seen as an integral part of the 





Figure 2.4 Steps and role of different bacteria in degradation of complex organic 
material in anaerobic environments. 1: Hydrolytic and fermentative bacteria,  
2: Syntrophic bacteria, 3: Homoacetogens, 4a: Hydrogenotrophic methanogens,  
4b: Aceticlastic methanogens (Schink & Stams, 2006). 
 
 
In syntrophic relationships, the hydrogenotrophic methanogens keeps the 
hydrogen partial pressure at a low level to ensure that the fermenting process by the 
secondary fermenters (syntrophs) is thermodynamically favourable (McInerney et al., 
2009). The mutual dependence of both microbial groups can go so far that neither 
partner can operate without the other and that together they exhibit a metabolic 
activity that neither one could accomplish on its own. Therefore, the disruption of 
microbial consortia by means of common isolation techniques can cause difficulties 
when attempting to culture syntrophic metabolizers (McInerney et al., 2009). This is 
overcomed by the reconstruction of an artificial syntrophic community by adding a 
pure culture of an established metabolic partner to isolation media in order to obtain a 
stable syntrophic coculture. Numerous studies have been reported on syntrophic 
interactions during the methanogenic mineralization process. For example, 
Syntrophomonas wolfei degrades butyrate, caproate and caprylate to acetate and H2, 
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valerate and heptanoate to acetate, propionate and H2, and isoheptanoate to acetate, 
isovalerate and H2 only when grown in coculture with a hydrogen scavenging partner 
(McInerney et al., 1979). Additionally, the oxidation of primary alcohols (e.g. ethanol, 
propanol), fatty acids (e.g. propionate, pyruvate, fumarate, formate, acetate) and 
aromatic compounds (e.g. benzoate, crotonate) has been shown by syntrophic 
microorganisms from various genus namely Pelobacter, Syntrophomonas, 
Syntrophobacter, Clostridium, and Syntrophus in association with a hydrogen 
consuming microorganism (Schink, 1997).  
 These studies typically involve methanogens as the hydrogen scavenging 
partner of the syntrophic metabolizer. Given that dehalorespiring microorganisms like 
Dehalococcoides and Dehalobacter are also hydrogenotrophic, it is likely the 
syntrophism may play a role in the dehalogenation activities of these bacteria in 
contaminated sites. Despite this, the syntrophic relationships in dehalogenating 
communities have rarely been investigated, especially in conditions where hydrogen 
is limiting. This is particularly true for Dehalococcoides, in which information 
regarding its interspecies and intraspecies interactions in the environment remains 
lacking. The next section discusses syntrophic acetate oxidation, which is intricately 
linked to the growth of dehalorespiring microorganisms (e.g. Dehalococcoides and 
Dehalobacter), due to their strict requirement of acetate and hydrogen (byproduct 
syntrophic acetate oxidation process).  
 
2.2.1.1  Syntrophic Oxidation of Acetate 
Acetate represents one of the most important intermediates of the anaerobic 
degradation of organic matter (Ljungdahl, 1986). Syntrophic acetate oxidation is the 
main mechanism for acetate degradation in the presence of inhibitors, particularly 
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ammonium and volatile fatty acids (VFAs) (Schnürer et al., 1999). Thus far, only 5 
syntrophic acetate oxidizers were isolated - all five isolates oxidized acetate in the 
presence of a hydrogenotrophic methanogen.   
As the first known syntrophic acetate oxidizing bacteria, strain AOR is an 
anaerobic, thermophilic, gram positive, rod-shaped bacterium. Strain AOR was 
isolated in 1989 using substrates such as ethylene glycol and pyruvate. Yeast extract 
was required as a supplement for growth to occur.  Interestingly, strain AOR is 
capable growing on H2/CO2 to generate acetate (acetogenic growth), (Lee & Zinder, 
1988). Because the strain is no longer available, its phylogenetic position could not be 
established (Westerholm et al., 2010). The second isolated syntrophic acetate 
oxidizer, Clostridium ultunense strain BS, is a mesophilic, anaerobic, spore-forming, 
rod-shaped bacterium (Schnürer et al., 1996). Strain BS represents the first syntrophic 
acetate oxidizer which thrives under mesophilic condition, as it was isolated from a 
laboratory-scale digester (operated at 37°C) fed with swine manure. Acetate was 
syntrophically oxidized by strain BS in the presence of a hydrogenotrophic 
methanogen, Methanoculleus sp. strain MAB1. In contrast to strain AOR, acetogenic 
growth was not observed with strain BS.  However, it is similar to strain AOR in that 
it requires yeast extract as a growth supplement. Subsequently, two more thermophilic 
syntrophic acetate oxidizers were isolated. Thermacetogenium phaeum strain PB, an 
anaerobic, spore-forming, rod-shaped bacterium oxidized acetate when cocultivated 
with methanogens, either with Methanothermobacter thermautotrophicus strain TM 
or Methanothermobacter thermautotrophicus strain ∆H (Hattori et al., 2000). The 
strain PB/ methanogens cocultures were also shown to oxidize ethanol to methane. 
Similar to strain AOR, strain PB is also capable of acetogenic growth. Another 
thermophilic bacterium, Thermotoga lettingae strain TMO was implicated in the 
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syntrophic oxidation of acetate, also in cooperation with strain ∆H (Balk et al., 2002).  
As an anaerobic, non-spore-forming, rod-shaped bacterium, strain TMO was found to 
degrade 20 mM acetate within 28 days.  
This is followed by the isolation of two other syntrophic acetate oxidizing 
bacteria which operates under mesophilic conditions. Snytrophaceticus schinkii strain 
Sp3
T
 showed its acetate oxidation ability in cocultivation with hydrogenotrophic 
methanogen Methanoculleus sp. strain MAB1 (Westerholm et al., 2010). Strain Sp3
T
 
was isolated from anaerobic digestor sludge and grew between 25 and 40°C. Yeast 
extract was required for the growth of strain Sp3
T
. Recently, another mesophilic 
strain, Tepidanaerobacter acetatoxydans strain Re1
T
 was isolated by the same 
research group (Westerholm et al., 2011). This bacterium is gram-positive, spore-
forming, rod-shaped and motile and was also found to syntrophically oxidize acetate 
in the presence of methanogen Methanoculleus sp. strain MAB1.  
Syntrophic oxidation of acetate is not only limited to interactions between 
syntrophic microorganism and methanogenic hydrogenotrophs. Other syntrophic 
microorganisms with the aid of non-methanogenic hydrogenotrophs have been 
identified. For example, Geobacter sulfurreducens strain PCA was found to oxidize 
acetate in syntrophic cooperation Wollinella succinogenes or Desulfovibrio 
desulfuricans under mesophilic conditions (30°C), (Cord-Ruwisch et al., 1998).  
However, this interaction occurs only when nitrate is present as an electron acceptor.  
Syntrophic oxidation of acetate failed to occur if nitrate is absent. Syntrophic 
interactions have not been shown with dehalorespiring bacteria (e.g. Dehalococcoides 





2.3 Non-microbial PBDE degradation mechanisms   
It is now understood that PBDEs are amenable to microbial degradation. 
However, in the natural environment, PBDEs are also exposed to other biodegadative 
forces which may result in degradation of PBDEs. For example, the degradation of 
PBDEs has been observed via physical and chemical degradation mechanisms such as 
photodegradation, chemical reduction by zero valent irons, electrochemical 
degradation (Keum & Li, 2005; Li et al., 2007; Konstantinov et al., 2008). Besides 
microbial processes, PBDEs were also found to be degraded via other biological 
mechanisms such as in vivo and in vitro metabolism (Eriksson et al., 2004; Stapleton 
et al., 2004b). In the next section, the abovementioned abiotic and non-microbial 
biotic degradation processes of PBDEs will be discussed. 
 
2.3.1 Physical and chemical degradation of PBDEs  
 Photodegradation has been suggested as a possible source for lower 
brominated PBDE congeners detected in the environment (Eriksson et al., 2004). UV-
light induced photodegradation of 15 individual PBDE congeners, ranging from tetra- 
through deca-BDE, was observed in a study by Eriksson et al, with half-lives ranging 
from 0.5 hours to 290 hours. It was suggested that the rate of PBDE degradation by 
UV light in the sunlight region is dependent on the degree of bromination, with 
slower debromination rates observed for lower brominated PBDEs as compared to 
higher brominated PBDEs. The formation of highly toxic end products such as 
brominated dibenzofurans and methoxylated brominated dibenzofurans were also 
observed (Eriksson et al., 2004).  This phenomenon was also observed in another 
study, in which brominated dibenzofurans were among the products of photolysis of 
hexa-, penta- and tetra-BDEs (congeners 47, 99,100, 153 and 154), (Sanchez-Prado et 
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al., 2005). It was recently found that when subjected to UV irradiation, the half-lives 
of PBDE congeners in the technical penta-BDE mixture (DE-79) were longer (~20 - 
160%) than when the same congeners were irradiated individually.  This suggests that 
other congeners in a PBDE mixture may elicit a different PBDE degradation 
mechanism and rate compared to that observed with individual congeners (Bendig & 
Vetter, 2010). Therefore, PBDE degradation studies should conducted on PBDE both 
as individual congeners and also in mixture. 
Zerovalent iron has also been successfully used to reductively debrominate 
PBDEs via chemical reduction. Keum and Li demonstrated 92% transformation of  
congener 209  to lower brominated congeners using zerovalent iron within 40 days, 
generating di- through hepta-BDEs (Keum & Li, 2005) as debromination end 
products. Additionally, the biodegradability of congeners 28, 47, 66, and 100 were 
also tested using the same approach, resulting in the stepwise accumulation of lower 
brominated congeners. The authors suggested that debromination by reducing 
reagents might be a possible source of lower brominated BDEs in the environment 
and that debromination of PBDEs by zerovalent iron has high potential values for 
remediation of PBDEs in the environment. In another study, nanoscale zerovalent iron 
(nZVI) was used to debrominate BDE-209. Debromination occurred with a first order 
rate constant of 0.28 ± 0.04 h
-1
, generating debromination products ranging from 
nona- through tri-BDEs in a sequential manner (Li et al., 2007). More recently, nZVI 
particles were found to debrominate tri-BDE (congener 21) to lower brominated 
compounds and diphenyl ether- the completely debrominated form of PBDE. 
However, debromination of BDE-21 was not complete, since  di- and mono-BDEs 
still remained after an incubation period of 35 days (Zhuang et al., 2010).  
Electrochemical reduction is another means by which PBDE debromination can be 
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carried out. Debromination of the technical deca-BDE mixture (DE-83) was recently 
observed - meta- and para-substituted bromines were sequentially removed to form 
products ranging from di- to octa-BDEs within 20 minutes (Konstantinov et al., 
2008). 
2.3.2 In vitro and in vivo metabolism of PBDEs  
Non-microbial biotic degradation of PBDEs, specifically via in vivo 
metabolism was first observed in the body of fish, in which in vivo debromination of 
congener 209 were observed in juvenile carp (Cyprinus Carpio). Formed metabolites 
ranging from penta- to octa-BDEs, were observed in liver and other tissues over the 
exposure period of the 60 days (Stapleton et al., 2004a). The metabolism of BDE-209 
has also been observed  in rainbow trout (Stapleton et al., 2006), rats (Huwe & Smith, 
2007), cows (Kierkegaard et al., 2007), and humans (Thuresson et al., 2005). In 
another study, in vivo exposure of common carp (Cyprinus Carpio) to congener 99 
resulted in significant formation and accumulation of a reductively debrominated 
metabolite, congener 47 (Stapleton et al., 2004b). The in vivo exposure of congener 
99 to mice or rats  resulted in the production of oxidative metabolites such as 
hydroxylated BDE congeners (OH-BDE) (Chen et al., 2006; Hakk et al., 2002; Qiu et 
al., 2007). PBDE metabolism has recently also been observed in vitro by human liver 
cells (hepatocyctes), in which the metabolism of congener 99 resulted in the 
generation of 2,4,5-tribromophenol, two monohydroxylated penta-brominated 
diphenyl ether metabolites, and a yet unidentified tetra-brominated metabolite 
(Stapleton et al., 2009).  The oxidative metabolites (hydroxylated PBDEs) produced 
in both the studies with rats/mice or humans have been shown to elicit greater toxicity 
than the parent BDE congeners in laboratory bioassays (Stapleton et al., 2009).  
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Hydroxylated PBDEs have the potential of inhibiting the binding of endocrine 
hormone T4 to the hormone binding sites (Meerts et al., 2000).                                         
In this chapter, the microbial degradation of various halogenated compounds 
such as PBDEs, chloroethenes, PCBs and 2,4,6-TBP were discussed. Because 
microorganisms exist as communities in nature, microbial syntrophism, a type of 
interaction which occurs between microorganisms in the natural environment was 
further evaluated.  Finally, the physical and chemical degradation mechanisms of 
PBDEs were reviewed in order to understand the contribution of the abovementioned 
non-microbial degradation mechanisms to the environmental fate of PBDEs. The next 
chapter (chapter 3) involves a microcosm study to assess the ability of soil 
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Polybrominated diphenyl ethers (PBDEs) have attracted attention recently due 
to their proven adverse effects on animals and their increasing concentrations in 
various environmental media and biota. To gain insight into the fate of PBDEs, 
microcosms established with soils and sediments from 28 locations were investigated 
to assess the debromination potential of an octa-brominated diphenyl ether (octa-
BDE) mixture consisting of hexa- to nona-BDEs. Debromination occurred in 
microcosms containing samples from 20 of the 28 locations when they were spiked 
with octa-BDE dissolved in the solvent trichloroethene (TCE), which is a potential 
cosubstrate for stimulating PBDE debromination, and in microcosms containing 
samples from 11 of the 28 locations when they were spiked with octa-BDE dissolved 
in nonane. Debromination products ranging from hexa- to mono-BDEs were observed 
within 2 months. The relatively more toxic tetra-BDEs accounted for 50% of the total 
debromination products. In sediment-free culture C-N-7* amended with the octa-BDE 
mixture and nonane (containing 45 nM nona-BDE, 181 nM octa-BDEs, 294 nM 
hepta-BDE, and 19 nM hexa-BDE) there was extensive debromination of the parent 
compounds, which produced hexa-BDE (56 nM), penta-BDEs (124 nM), and tetra-
BDEs (150 nM) within 42 days, possibly by a metabolic process. A 16S rRNA gene-
based analysis revealed that Dehalococcoides species were present in 11 of 14 active 
microcosms. However, unknown debrominating species in some of the microcosms 
debrominated the octa-BDE mixture in the absence of other added halogenated 
electron acceptors (such as TCE). These findings provide useful information 
regarding the mechanisms and pathways for microbial reductive debromination of 
higher brominated PBDEs to less-brominated congeners, a possible source of the 




Since they were first developed in the 1960s, polybrominated diphenyl ethers 
(PBDEs) have been used as flame retardant additives in an array of common 
household and industrial appliances. As a result of their widespread use, PBDEs have 
become ubiquitous environmental contaminants, and increasing levels have been 
detected in the air, soil, and water (de Wit, 2002; Hites, 2004). In a recent study, 
Leung et al. reported the highest PBDE concentrations in soil samples (2.7 to 4.3 
ppm) and combusted residues (33.0 to 97.4 ppm) that were collected in Guiyu, 
Guangdong Province, China (Leung et al., 2007). Increasing concentrations of PBDEs 
have also been detected in marine mammals, birds, fishes, and human tissues (Boon et 
al., 2002; Ikonomou et al., 2002; Norstrom et al., 2002; Zhu & Hites, 2004), and 63 
ppm of PBDEs in bird eggs is the highest level ever found in biota (She et al., 2004). 
The PBDE concentrations in both environmental samples and biota have been 
increasing exponentially, with a doubling time of 4 to 6 years (de Wit, 2002; Hites, 
2004). Although PBDEs comprise 209 different congeners designated 1 to 209, the 
PBDE congeners most often detected in biota (e.g., human tissues) include tetra-
brominated diphenyl ether (tetra-BDE) (congener 47), penta-BDEs (congeners 99 and 
100), and hexa-BDEs (congeners 153 and 154), which may have originated directly 
from a commercially available penta-BDE technical mixture or indirectly via 
breakdown of an octa- or deca-BDE technical mixture (Hites, 2004; He et al., 2006). 
PBDEs began to receive worldwide scientific and public attentionwhen a temporal 
study of archived breast milk samples revealed increasing concentrations of PBDEs 
between 1972 and 1997 (Meironyte et al., 1999).  
Toxicological studies of rodents using a commercial penta-BDE mixture 
(including tetra-, penta- and hexa-BDEs) and congeners in a commercial octa-BDE 
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mixture (such as hepta-BDE [congener 183] and octa-BDE [congener 203]) revealed 
developmental neurotoxicity, reproductive toxicity, liver toxicity, and disruption of 
thyroid hormone levels (Stoker et al., 2004; Viberg et al., 2006; Zhou et al., 2002). 
To date, studies of PBDEs have focused mainly on detection in the 
environment and their potential adverse health effects. Only a few studies have 
reported microbial debromination of PBDEs (Gerecke et al., 2005; He et al., 2006; 
Robrock et al., 2008; Tokarz et al., 2008). Recently, He et al. demonstrated 
debromination of a technical octa-BDE mixture by pure isolates of Dehalococcoides 
species, which generated hepta- to di-BDEs after 6 months of incubation (He et al., 
2006). Microbes belonging to the genera Dehalobacter and Desulfitobacterium were 
also found to debrominate individual PBDE congeners present in commercial octa-
BDE mixtures (He et al., 2006; Robrock et al., 2008). However, the debromination of 
PBDEs in both studies required the presence of a primary electron acceptor (e.g., 
chloroethenes or chlorophenols), hence, debromination occurred cometabolically. 
In addition to debromination of PBDEs by pure cultures, a previous study 
demonstrated that in anaerobic sludge 5% of added deca-BDE (congener 209) was 
debrominated to nona- and octa-BDEs (total amount of product, 0.5 nmol) after 238 
days of incubation (Gerecke et al., 2005). Another study showed that deca-BDE was 
debrominated to products ranging from nona-BDEs to hexa-BDEs in 3.5 years with 
anaerobic sediments as the inocula (Tokarz et al., 2008). These findings suggest that 
microbial reductive debromination of highly brominated congeners, such as deca-, 
nona-, octa-, and hepta-BDEs, may contribute to formation of less-brominated PBDEs 
in the environment, which are potentially more toxic (e.g., tetra- and penta-BDEs). 
Debromination of less-brominated PBDE congeners, such as di-BDE, to mono-BDE 
and diphenyl ether was also demonstrated in a fixed-film plug flow biological reactor 
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(Rayne et al., 2003). Besides microbial debromination, highly brominated PBDEs 
were also found to be transformed to lower congeners via photodegradation or in vivo 
metabolism in aquatic and terrestrial animals (Bezares-Cruz et al., 2004; La Guardia 
et al., 2007). 
The objective of the present study is to investigate the distribution of 
microorganisms capable of debrominating highly brominated PBDE congeners to 
more toxic daughter products or the final product diphenyl ether by using microcosm 
samples collected from various locations. Debromination of an octa-BDE mixture was 
evaluated in the presence of the potential energy-generating cosubstrate 
trichloroethene (TCE) (PBDEs dissolved in TCE) or in the presence of the relatively 
inert solvent nonane (PBDEs dissolved in nonane). The latter experiment provided, 
for the first time, information about the possible microbes living on the energy 
generated from the debromination of an octa-BDE mixture in the absence of any 
cosubstrate such as TCE or another primer compound. Information regarding the key 
debrominating microbes was obtained by using genus-specific 16S rRNA gene-based 
techniques. 
 
3.3 Materials and methods 
3.3.1 Chemicals.   
Commercial octa-BDE mixture (consisting of nona-BDE [congener 207], 
octa-BDEs [congeners 203, 196, and 197], hepta-BDE [congener 183], and hexa-BDE 
[congener 153]) was purchased from Sigma-Aldrich (St. Louis, MO).  Isooctane (2, 2, 
4-trimethylpentane) in analysis quality was obtained from Tedia Company Inc. 
(Fairfield, OH).  Decabromobiphenyl (DBB) was purchased from AccuStandard 
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(New Haven, CT). Trichloroethylene (TCE), n-nonane, and diphenyl ether were 
obtained from Sigma-Aldrich (St. Louis, MO) with a minimum purity of 99.5%.  
 
3.3.2 Sampling locations and microcosm preparation.   
Samples were collected from three regions, namely East Asia (Wuhan in 
Hubei, and Guiyu in Guangdong, China), Southeast Asia (Singapore), and North 
America (San Francisco in California, U.S.A.). The characteristics of the sampling 
sites are stated in Table 3.1 & 3.2. Soil or sediment samples were collected in sterile 
50-ml plastic falcon tubes, capped and transported to the laboratory at ambient 
temperature. Within a week, microcosms were established aseptically in a Bactron 
anaerobic chamber (Sheldon Manufacturing, Inc, Cornelius, O.R.), in which ~ 5 g of 
collected sample was distributed into 60-ml serum bottles amended with ~ 30-mL of 
bicarbonate-buffered defined mineral salts medium (He et al., 2003a). Each sample 
from the 28 locations were spiked with pyruvate (10mM), lactate (10mM), or acetate 
(10mM) in duplicate bottles for each condition, respectively. The medium was 
reduced by L-cysteine and Na2S · 9H2O (0.2 mM each) (He et al., 2003a). Wolin 
vitamin solution (Wolin et al., 1963) and vitamin B12 (25 mg/L), (He et al., 2007) was 
added to all samples. Unless stated otherwise, H2 was added to acetate-fed 
microcosms at a partial pressure of 3.4 × 10
4
 Pa (10 ml). Prior to H2 addition, the 
same volume of headspace was removed to ensure there was minimal pressure change 
in the bottles. All the bottles were crimp-sealed with butyl rubber septa (Geo-
Microbial Technologies, Inc., Ochelata, OK). Either TCE (1.5 μl) or nonane (3 μl) 
carrying dissolved PBDEs (0.05 g of octa-BDE mixture dissolved in 10 ml TCE or 
nonane) were added to the samples and controls. The amount of the PBDE-TCE 
preparation added to the bottles was about one-half the amount of the PBDE-nonane 
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preparation added due to concerns about the inhibitory effects of TCE or the potential 
synergistic combined toxic effects of the TCE and PBDEs on the microbes. All the 
sample bottles were incubated in an upright position (to minimize sorption to the 
butyl rubber septa) at 30°C without agitation in the dark. 
To minimize sorption effects on the quantification of PBDEs, 20 (octa-
BDEs/TCE) and 11 (octa-BDEs/nonane) active debrominating microcosms (out of the 
28 with solvent TCE and another 28 with nonane) were transferred to fresh medium 
for following on quantitative assay on PBDEs. It should be noted that only one 
microcosm that demonstrated the most rapid debromination activity and distinctly 
different debromination profile were transferred for samples from one location. The 
microcosm bottles were vigorously shaken and left for 30 seconds for the suspended 
solids to settle, then 1ml of supernatant (containing minute amount of solids) were 
transferred into duplicate bottles containing 30-ml of fresh basal salts media spiked 
with the same carbon source and substrate (PBDEs) as the parental bottles. The active 
transferred microcosms were then analyzed by gas chromatography mass 
spectrometry (GC-MS) as described below. Control microcosms (two from each type 
of soils or sediments) were prepared the same way as the samples, with the exception 
that the inoculated medium was autoclaved prior to amendment of PBDEs. 
Subsequent transfers were performed as described above. 
 
3.3.3 Sample extraction   
On a biweekly basis, 1ml of supernatant (from original microcosms) or liquid 
samples (from transferred cultures) was removed from the bottles by disposable 
plastic syringe (Becton, Dickinson and Company, Franklin Lakes, N.J.) after 
vigorously shaking.  The 1 ml aliquot was added to a 4-ml amber glass vial, which 
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was then spiked with same volume of isooctane.  The mixture was vortexed for 5 
mins and then shaken for 16 h in the dark to minimize exposure to light.  Samples 
were then centrifuged at 14,000 rpm for 5 min. The upper layer isooctane carrying 
PBDEs was transferred to a 2-mL amber glass vial and concentrated to 400 µl with 
N2. 
 
3.3.4 Quantification of PBDEs and chloroethene analysis   
After liquid-liquid extraction, PBDEs were analyzed by GC-MS with a model 
# GC 6890 / MSD 5975 (Agilent Technologies, Inc., Santa Clara, CA), which was 
installed with a Restek Rxi™-5ms  column (15 m  0.25 mm i.d. with a film 
thickness of 0.25 μm, Restek Corporation, Benner Circle, Bellefonte, PA). Helium 
was used as the carrier gas at a flow rate of 1.2 mL/min. Based on experiments 
conducted on different injector temperatures (250-320˚C) for a fixed analyte 
concentration, an optimum injector temperature of 300˚C was selected, at which a 
highest peak response appeared. This observation correlates well with Bjoklund et al. 
demonstrating high injector temperature facilitates better detection of higher 
brominated congeners (Bjorklund et al., 2004). Therefore, the injection mode selected 
was pulsed splitless with an injector temperature of 300 ˚C. The GC initial oven 
temperature program was set at 110 ˚C and increased to 310 at 15 ˚C / min and held 
for 5 minutes, resulting in a total program time of 25.7 minutes. MSD transferline, ion 
source, and quadrupole temperature settings were at 300 ˚C, 280 ˚C and 150 ˚C, 
respectively. Analysis was performed in selected ion monitoring (SIM) mode using 
electron impact ionization (EI).  
Quantification of substrate (PBDEs) was performed by establishing five-point 
calibration curves for the congeners in an octa-BDE mixture (consisting of nona-BDE 
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[congener 207], octa-BDEs [congeners 203, 196, and 197], hepta-BDE [#183], and 
hexa-BDE [congener 153]). The concentrations of the congeners in the mixture were 
determined  using ratios obtained from a previous study by LaGuardia et al. (La 
Guardia et al., 2006). For the quantification of product peaks, five-point calibration 
curves were established by using the average peak areas of congeners within the same 
homolog group in an analytical standard (98% purity dissolved in n-nonane), which 
contains 39 congeners from mono- to hepta- BDEs (Cambridge Isotope Laboratories, 
Inc., Andover, MA). The peak response for the same homolog group was within an 
acceptable 12% variation for hepta- to tetra- BDEs, while the variation was up to 28% 
for tri- to mono- BDEs. Currently, average calibration curves are the most feasible 
way to quantify unknown debromination products. In total, nine calibration curves 
(from mono- to nona- BDE) were constructed. Deca-bromobiphenyl (DBB) was used 
as an internal standard and was spiked into samples prior to PBDE extractions, 
accounting for losses during the extraction process. The extraction efficiency of the 
samples was determined by normalizing the amount of DBB in PBDEs samples with 
the known initial amount of DBB spiked into the samples. The extraction efficiencies 
of DBB ranged from 71% to 84%. The reported concentrations of PBDEs were 
computed by dividing the concentrations obtained from the calibration curves with the 
extraction efficiencies of the respective samples. The instrument detection limits for 
PBDE congeners ranged from 0.070 - 0.224 nM. Chloroethenes were analyzed as 
described previously (He et al., 2002).   
 
3.3.5 DNA extraction and PCR amplification   
Cells (1ml, from original microcosm samples and transferred samples, 
respectively) used for DNA extraction were centrifuged at 14,000 rpm for 15 minutes 
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at 4°C. After removing the supernatant, genomic DNA was extracted from cell pellets 
by using UltraClean™ Soil DNA Isolation Kit (MO BIO Laboratories, Inc. Carlsbad, 
CA) according to the manufacturer‘s instructions. Polymerase chain reaction (PCR) 
was carried out in an Eppendorf Master Cycler ep gradient S thermocycler (Eppendorf 
AG, Hamburg, Germany) with universal bacterial primers (8F [5' AGA GTT TGA 
TCC TGG CTCAG 3'] and 1541R  [5' AAG GAG GTG ATC CAG CCGCA 3']), 
group specific primers Chloroflexi (348F/ 884R), and genus specific primers 
Dehalococcoides (5' GCG GTT TTC TAG GTT GTC 3'] and Dhc 1350R [5' CAC 
CTT GCT GAT ATG CGG 3'), Dehalobacter (179F [5' TGT ATT GTC CGA GAG 
GCA 3'] & 1007R [5' ACT CCC ATA TCT CTA CGG 3']), or Desulfitobacterium 
(205F [5' AAC CTT CGG GTC CTA CTG TC 3'] & 1020R [5' GCC GAA CTG ACC 
CCT ATG TT 3']) (Bunge et al., 2003; Lane et al., 1985; Yoshida et al., 2007; 
Fagervold et al., 2005; Holliger et al., 1998). Nested PCR was performed by using 
direct PCR (primer pair 8F/1541R) products as templates for subsequent amplification 
with specific primers such as Chloroflexi (348F/ 884R) or Dehalococcoides (730F/ 
1350R). The PCR products (3 μl) were resolved on 1% agarose gels and stained in 
aqueous ethidium bromide solution (0.5 mg/ml) for 20 minutes. The bands were 
visualized by UV excitation and pictures were taken with a digital camera (Bio-Rad, 
Hercules, CA). To prepare for sequencing, PCR products of the partial 
Dehalococcoides 16S rRNA gene were excised from the agarose gel and purified by 
using QIAquick PCR Purification Kit (QIAGEN GmbH, Germany). The purified PCR 
products were sent to 1
st
 BASE Pte Ltd (Singapore) for sequencing with primers of 





3.3.6 Sample nomenclature   
In this study, the samples were designated based on the locations from which 
they were collected and the solvents used to dissolve PBDEs. The abbreviations used 
for locations were as follows: C, Wuhan; GY, Guiyu; S, Singapore; and U, San 
Francisco. For solvents the abbreviations used were T (TCE) and N (nonane). For 
example, C-T-7 indicates a sample from Wuhan with the PBDEs dissolved in TCE. 
 
3.3.7 Nucleotide sequence accession number  
The assembled nucleotide sequences have been deposited in the GenBank 
database under accession numbers FJ594420 to FJ594427. 
 
3.4 Results 
3.4.1 Debromination of an octa-BDE mixture dissolved in TCE   
After an initial incubation for 1 month, debromination products appeared in 
microcosms (amended with lactate, pyruvate, or acetate) from 20 locations (octa-
BDE/TCE microcosms), and they were measured qualitatively based on the 
appearance of new product peaks compared to control samples. The 20 active octa-
BDE/TCE debrominating microcosms and autoclaved controls were transferred once 
to fresh medium in order to minimize sorption effects on PBDE quantification. The 
initial (and 2-month) PBDE concentrations in the control bottles were 30 ± 9 nM (27 
± 6 nM) for nona-BDE, 123 ± 14 nM (115 ± 19 nM) for octa-BDEs, 178 ± 32 nM 
(166 ± 27 nM) for hepta-BDE, and 12 ± 3 nM (11 ± 2 nM) for hexa-BDE, indicating 
that PBDE sorption to the solids in the transferred microcosms did not play a 
significant role. Table 3.1 shows the concentrations of debromination products in the 
20 transferred active microcosms on day 60. The penta- and tetra-BDE debromination 
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products were detected in most samples, while less-brominated congeners, such as tri- 
and di-BDEs, were formed in 60% and 20% of the 20 active microcosms, 
respectively. Overall, tetra-BDEs accounted for 50% of the total debromination 
products in all active microcosms. Debromination products were not observed in 
autoclaved controls throughout the experiment. Table 3.1 also shows the 
dechlorination endpoints for the carrier solvent TCE.  
Microcosm GY-T-2 exhibited the most extensive debromination of the octa-
BDE mixture, generating hexa-BDE (18.3 nM), penta-BDEs (10 nM), tetra-BDEs 
(26.3 nM), tri-BDE (10.3 nM), di-BDE (11.9 nM), and mono-BDE (3.6 nM) after 
incubation for 2 months. Interestingly, diphenyl ether was also observed in 
microcosm GY-T-2 (Figure 3.1).   
 
 
Figure 3.1 GC-MS chromatogram [Abundance vs. retention time (min)] showing 




3.4.2 Debromination of an octa-BDE mixture dissolved in nonane   
Similar to the octa-BDE/TCE microcosms, microcosms were prepared with 
samples from 28 locations, and the 11 active microcosms (one microcosm from each 
location where there was activity) containing the octa-BDE mixture and nonane were 
transferred to fresh medium amended with lactate (10 mM), pyruvate (10 mM), or 
acetate (10 mM)-H2 (3.4 × 10
4
 Pa or 10 ml) for quantification studies. The initial (and 
2-month) PBDE concentrations in the control bottles were 58 ± 7 nM (56 ± 11 nM) 
for nona-BDE, 231 ± 24 nM (216 ± 34 nM) for octa-BDEs, 332 ± 47 nM (342 ± 51 
nM) for hepta-BDE, and 25 ± 10 nM (23 ± 7 nM) for hexa-BDE. The observed 
debromination products in the 11 transferred microcosms are shown in Table 3.2. The 
microcosms which exhibited high debromination rates with octa-BDE/TCE (e.g., 
microcosms C-T-9, C-T-10, GY-T-1, GY-T-2, GY-T-10, GY-T-11, and S-T-2) did 
not exhibit debromination with octa-BDE/nonane (data not shown). Similarly, 
bacteria in microcosms showing rapid debromination with octa-BDE/nonane (e.g., 
microcosms GYN-9, GY-N-12, and GY-N-16) did not debrominate the octa-BDE 
mixture dissolved in TCE (data not shown due to the absence of microbial activity).  
Debromination was generally less extensive in octa-BDE/ nonane compared to 
octa-BDE/ TCE microcosms.  After 60 days, hexa-BDEs were detected in all active 
samples, while penta- and tetra- BDEs appeared only in 5 of the 11 samples (Table 
3.2).  When nonane was the carrier solvent for the octa-BDE mixture, debromination 
of certain substrate congeners (e.g., hepta-BDE [congener 183] and octa-BDE 
[congener 203]) was more evident than it was in octa-BDE/TCE amended 
microcosms, as observed in the GC-MS chromatograms (data not shown). Another 
observation was that microcosms amended with acetate-H2 and with octa 






) were able to 
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debrominate a wider range of substrate congeners (nona-, octa-, and hepta-BDEs) 
than the other microcosms (only hepta-BDE and hexa-BDE debromination was 
observed) listed in Table 3.1 & 3.2.  
 
3.4.3 Octa-BDE debromination by sediment free cultures C-N-7* and U-N-1*    
Microcosm C-N-7
ace
 was transferred to fresh medium amended with acetate-
H2, resulting in a sediment-free culture (designated C-N-7*). After 42 days of 
incubation, the concentrations of all congeners in the octa-BDE mixture (such as 
nona-BDE [congener 207], octa-BDEs [congeners 196, 197, and 203], and hepta-BDE 
[congener 183]) decreased and less brominated congeners formed, including hexa-
BDE (56 nM), three unidentified penta-BDE congeners (124 nM), and two 
unidentified tetra-BDE congeners (150 nM) (Figure 3.2). Corresponding to the 
formation of debromination products, significant amounts of the substrate congeners 
were removed, as reflected by reductions in the concentrations of nona-BDE (46% 
removal of the initial 45 nM), octa-BDEs (57% removal of the initial 181 nM), hepta-
BDE (75% removal of the initial 294 nM), and hexa-BDE (55% removal of the initial 
19 nM) (Figure 3.4). No debromination beyond tetra-BDEs was detected even after an 
extended incubation period (8 months) and amendment with additional H2 (3.4 × 10
4
 
Pa or 10 ml). 
The concentrations of total PBDEs in the control bottles are shown in Figure 
3.4 (inset). Losses during sampling, sorption effects, and analysis errors may have 
contributed to the discrepancies in the data for the control bottles. 
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detection limit. For locations, C: Wuhan, GY: Guiyu, S: Singapore, U: San Fransisco. For solvents, T: TCE and N: Nonane.   



























C-T-2  Anaerobic Digestor a Eth 20.7 20.9 28.1 nd nd nd 
C-T-3  Fu Xi River Site 1 d Eth nd 5.7 17.0 2.1 nd nd 
C-T-4   Fu Xi River Site 2 d Eth 14.1 14.7 13.0 nd nd nd 
C-T-6  Yang Tze River e Eth nd 8.2 31.0 nd nd nd 
C-T-7  Yang Tze River Bank d DCEs nd 4.8 42.4 5.7 2.8 nd 
C-T-9  Sha Hu Lake d Eth 16.0 6.0 14.3 nd nd nd 
C-T-10  Sha Hu Lake b VC 4.2 13.3 39.1 3.0 nd nd 
C-T-12  WTP outlet of pesticide factory c Eth 27.4 24.5 11.0 nd nd nd 
C-T-14  WTP outlet of pesticide factory d Eth 11.7 nd 8.3 2.8 
nd nd 
GY-T-1   Near Lianjiang River d DCEs 19.9 10.5 19.8 6.9 9.5 nd 
GY-T-2  Near Lianjiang River d DCEs 18.3 10.0 (9.7) 26.3 (36) 10.3 (11.5) 11.9 3.6 
GY-T-5 Lianjiang river bank d TCE nd 22.2 (39) 142.5 (134) 9.7 nd nd 
GY-T-6  Lianjiang river bank e TCE & DCEs nd 4.7 17.7 nd nd nd 
GY-T-10 Ditch near e-waste dumpsite d DCEs 5.0 6.5 92.2 15.1 nd nd 
GY-T-11  Ditch near e-waste dumpsite b DCEs  23.5 (8.5) 10.2 (6.1) 58.7 (11) 12.1 5.5 nd 
GY-T-18 E-waste disassembly site d DCEs 13.8 16.9 33.3 nd nd nd 
S-T-1  Kim Chua WTPa Eth 14.2 24.2 30.5 8.3 nd nd 
S-T-2 Aquaculture pond c Eth, VC 16.7 6.0 14.6 nd nd nd 
U-T-1  San Fransisco Bay Area b DCEs 14.1 3.6 3.7 nd nd nd 
U-T-2  San Fransisco Bay Area b Eth nd 23.6 85.5 4.0 nd nd 
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C-N-3 Fu Xi River Site 1 d - 31.8 18.7 8.8 nd nd nd 
C-N-4 Fu Xi River Site 2 d - 25.4 15.5 13.8 nd nd nd 
C-N-6 Yang Tze River e - 9.5 nd 9.2 nd nd nd 
C-N-7ace Yang Tze River Bank d, Ace - 27.6 92.8 112.0 nd nd nd 
GY-N-5 Lianjiang river bank d - 139.6 105.2 (39) 50.9 (134) nd nd nd 
GY-N-9 Lianjiang river tributary e - 23.8 nd nd nd nd nd 
GY-N-12 Ditch near e-waste dumpsite c - 31.4 8.2 nd nd nd nd 
GY-N-16 E-waste disassembly site e - 101.6 27.3 nd nd nd nd 
S-N-1 Kim Chua WTP a - 17.6 nd nd nd nd nd 
U-N-1ace San Fransisco Bay Area b, Ace - 247.0 nd nd nd nd nd 
U-N-2ace San Fransisco Bay Area b, Ace - 222.0 nd nd nd nd nd 




Figure 3.2 Chromatograms of octa-BDE mixture (dissolved in nonane) debromination by C-N-7* amended with acetate/H2.   Shaded area 




Figure 3.3 Chromatograms showing debromination profile of octa-BDE/nonane by U-N-1* amended with acetate/H2.  Shaded area highlights the 


















Figure 3.4 Amount of substrate removed and products generated from the 
debromination of an octa-BDE mixture (dissolved in nonane) by C-N-7*.                
(p): Products and (s): Substrate.  The insert shows the total PBDE concentrations 
(nM) in control bottle over the incubation period. 
 
In addition to culture C-N-7*, sediment-free culture U-N-1* exhibited the 
most complete conversion of substrate PBDE congeners to hexa-BDEs when it was 
amended with 10 mM acetate and 3.4 × 10
4
 Pa H2 and with octa-BDE/nonane (Fig. 
3.3). On day 105, the concentrations of hexa-BDE congeners 153 and 154 were 202.7 
nM and 91.7 nM, and this was concomitant with the debromination of 84% of nona-
BDE, 79% of octa-BDEs, and 68% of hepta-BDE. Although large amounts 
of the substrates were removed, debromination did not proceed beyond hexa-BDEs 











































3.4.4 Debromination of the octa-BDE mixture by C-N-14 
Although microcosm C-N-14 from Wuhan was not one of the most active 
microcosms, it was selected for further transfer due to its distinctive ability to 
debrominate octa-BDE (congener 203).  We obtained a sediment-free culture which is 
able to achieve almost complete degradation of subtrate congeners in the octa-BDE 
mixture. C-N-14 was grown in an acetate medium amended with H2 as an electron 
donor with the addition of PBDEs dissolved in nonane.  C-N-14 displayed the most 
substantial debromination of the substrate peaks among all microcosms and sediment-
free samples. By day 21, an obvious reduction in the concentration of congener 203 
was observed (Figure 3.5). In addition, a significant hexa product peak (47 nM) which 
is predicted to be hexa-BDE (congener 144) was detected at day 21 as well. Figures 
3.6 and 3.7 illustrate an obvious increase in products generated over the period of 42 
days, particularly for the unidentified tetra-BDEs which is the endpoint while for the 
unidentified penta-BDEs and hexa-BDE (congener 144). The increase was followed 
by a decrease due to their role as debromination intermediates. For the substrate 
congeners (hexa-BDE (congener153), hepta-BDE (congener 183), octa-BDEs 
(congener 196, 197 & 203), nona-BDE (congener 207), the concentration generally 
decreased over 42 days with the exception of BDE (congener 153), which served as 





Figure 3.5 Chromatograms showing debromination profile C-N-14 grown in 
acetate/H2 amended with PBDE dissolved in nonane. A: Day 21, B: Day 28, C: Day 
35, D: Day 42. Shaded area represents the product peaks while the unshaded areas 
represent substrate peaks. 
 
At day 42, the debromination products detected were hexa-BDE (congener 
144) (4 nM), 3 unidentified penta congeners (66 nM), and 2 unidentified tetra 
congeners (281 nM) (Figure 3.7). The substrate congeners were significantly 
removed; hexa-BDE (19% removal), hepta-BDE (90% removal), octa-BDE (81% 
removal) and nonaBDE (69% removal). Despite the more extensive removal observed 
compared to C-N-7*, the mass balance could not be closed in this experiment with C-
N-14.  No debromination beyond tetra-BDEs was detected even after an extended 
incubation period of 3 months and the amendment of 1.67 × 10
4
 Pa (10ml or 0.4 mM) 




Figure 3.6 Debromination of substrate congeners by C-N-14 grown in 
acetate/H2 amended with PBDE dissolved in nonane. 
  
 
Figure 3.7 Debromination products generated by C-N-14 grown in acetate/H2 
amended with PBDE dissolved in nonane.  
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3.4.5 Effect of different electron donors / carbon sources and carrier solvent on 
octa-BDE mixture debromination   
Table 3.1 & 3.2 show that microcosms amended with different carbon source or 
carrier solvent demonstrated different debromination profiles.  For further study, C-T-
7/C-N-7 was transferred into four different growth medium amended with pyruvate 
and octa-BDE/nonane, acetate/H2 and octa-BDE/nonane, acetate/H2 and octa-
BDE/TCE, or pyruvate and octa-BDE/TCE, respectively.  After 4 weeks of 
incubation, no debromination was observed in the culture spiked with pyruvate and 
octa-BDE/nonane.  In contrast, debromination proceeded with the generation of tetra-, 
tri-, and di- BDEs when amended with pyruvate and octa-BDE/TCE (Figure 3.8).  
Simultaneously, TCE was dechlorinated to dichloroethenes (DCEs) either in the 
presence or absence of the octa-BDE mixture, indicating that the TCE 
dechlorinator(s) debrominated the octa-BDE mixture in a co-metabolic manner.  In 
the acetate/H2 amended medium spiked with octa-BDE/nonane, substantial amounts 
of hexa-, penta-, and tetra- BDEs were produced, while significant amounts of tetra-






Figure 3.8 Comparison of debromination profiles of an octa-BDE mixture by C-T-7/C-N-7 when spiked with various organic carbons and carrier 
solvents.  Shaded area highlights the debromination products while the unshaded area shows the substrates after 28 days incubation. 
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3.4.6 Dehalococcoides-like species present in certain microcosms   
To acquire information on the possible dehalogenating microbes present in the 
microcosms, Dehalococcoides, Dehalobacter, and Desulfitobacterium genus specific 
primer pairs were utilized to target the 16S rRNA gene of genomic DNA extracted 
from 14 distinctly different microcosm samples (different in terms of debromination 
endpoint and product concentration) (Figure 3.9).  The genera mentioned above were 
chosen due to previous reports on their capability to debrominate PBDEs (He et al., 
2006; Robrock et al., 2008).  Because of the structural similarity between PBDEs and 
PCBs, Chloroflexi primers targeting the 16S rRNA genes of both Dehalococcoides 
species and o-17 / DF-1-like microorganisms (PCB dechlorinating microorganisms) 
were also tested on the DNA extracted from the microcosms in this study (Fagervold 
et al., 2005). 
PCR amplified 16S rRNA genes products confirmed that there was successful 
extraction of DNA from the 14 microcosms when the genomic DNA was targeted 
with universal primers (primers 8F and 1541R). When the genomic DNA of the 
microcosms was targeted with Dehalococcoides primers (primers 737F and 1350R), 8 
of 14 samples produced amplicons that were the expected size (620 bp) (Figure 3.9A, 
Lanes 2 to 9).  Notably, all the eight samples were spiked with the octa-BDE mixture 
dissolved in TCE.  A nested PCR using the same Dehalococcoides primers 
(737F/1350R) was performed on the 16S rRNA gene of the 6 microcosm samples that 
were negative in the direct PCR test described above.  Three out of these samples 
(samples from microcosm GY-T-2, GY-N-16 and U-N-2) produced positive 





did not produce any bands (Figure 3.9A, Lanes 11 to 16). Bands exhibiting positive 
signals were sequenced and were found to be affiliated with the Pinellas or Cornell 
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group of the Dehalococcoides cluster with a sequence similarity of 98 to 100% for 
500 bp (GenBank Accession No. FJ594420- FJ594427), suggesting that 
Dehalococcoides may be responsible for PBDE debromination. Meanwhile, no 
Dehalobacter and Desulfitobacterium amplicons in samples were detected in the 
direct PCR approach, while nested PCR detected the presence of Dehalobacter in 
samples from microcosm GY-T-2, C-T-10 and C-T-14, and Desulfitobacterium in 
samples from microcosm GY-N-5.  The results indicate that Dehalobacter and 
Desulfitobacterium species may play minor roles in debromination of PBDEs by 
microcosms used in this study. 
 
 
Figure 3.9 Direct and nested PCR using genus-specific Dehalococcoides primers and 
group-specific Chloroflexi primers.  A: Dehalococcoides.  Lanes 1 & 10: 100-bp  
ladders (Promega); lanes 2 to 9: direct PCR; lanes 11 to 16: nested PCR;  lane 17: 
negative control; lane 18: positive control (ANAS enrichment).  B: Chloroflexi.  
Lanes 1 & 11: 100-bp ladders (Promega); lanes 2 to 10: direct PCR; lanes 12 to 16: 




When screening for Chloroflexi affliated microbes in the microcosms, PCR 
amplicons of the expected sizes of 536 bp were observed in 9 out of 14 samples 
(Figure 3.9B).  The 5 samples which did not yield any band shows positive bands 
(Figure 3.9B) when nested PCR (with Chloroflexi specific primers) was performed by 
using the universal primer pair amplified PCR products as the DNA templates, 
indicating that organisms other than Dehalococcoides (perhaps members of the 
Chloroflexi) were involved in PBDE debromination in the non-Dehalococcoides 




).   
  
3.5 Discussion  
PBDEs in the environment can end up in various forms, ranging from mono- 
to nona-BDEs and diphenyl ether, due to environmental microbial activity, a 
conclusion which is supported by the results of this and previous studies (Tokarz et 
al., 2008; He et al., 2006; Robrock et al., 2008; Gerecke et al., 2005; Rayne et al., 
2003). This investigation also provided preliminary evidence that debrominating 
microbes are widespread in various regions and different climatic zones. More 
importantly, the highly toxic penta- and tetra-BDEs constituted the major homolog 
group of debromination products in the microcosms studied. Our findings 
demonstrate, for the first time, that debromination of an octa-BDE mixture occurs in 
the absence of a more readily utilized electron acceptor (e.g., TCE or primer 
compounds), suggesting that microbe-mediated debromination may be easier in the 
natural environment than previously thought.  
C-N-7* is the first known culture capable of significant removal (46-75%) of 
congeners present in the commercial octa-BDE mixture to penta- and tetra- BDEs 
(Figure 3.4) within 42 days, which is much faster and more complete compared to 
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other known defined or undefined cultures (generally requiring 0.3 - 3.5 years to 
achieve ~ 10 % removal of the added PBDEs and the presence of co-substrate TCE or 
other primer compounds) (He et al., 2006; Robrock et al., 2008; Tokarz et al., 2008).  
Since cultures U-N-1* and U-N-2* also significantly debrominated the octa-BDE 
mixture in nonane to hexa-BDEs, these results correlate well with previous 
observations that hexa-, penta-, and tetra- BDEs are most often detected in 
environmental samples (de Wit, 2002; Hites, 2004).  Further studies are required to 
confirm that C-N-7* or U-N-1* and U-N-2* respire solely on PBDEs.  It is also 
worthy to point out that less brominated products such as di- and mono- BDEs were 
observed in microcosms from Guiyu (e.g, GY-T-2, GY-T-5, GY-T-11) after an 
incubation period of 2 months (Table 3.1).  These daughter compounds were not 
detected in the original soil or sediment samples, confirming that they were indeed 
debromination products and not historical PBDE congeners.  The formation of less- 
brominated congeners (mono- and di- BDEs) may have been due to debromination of 
historical PBDE congeners in the sediments, such as penta-, tetra-, or tri- BDE 
congeners in GY-T-2 (Table 3.1 & 3.2).  However, the possibility that GYT2 is 
capable of debrominating congeners in the octa-BDE mixture down to mono-BDE 
cannot be ruled out, since microbes from sites at Guiyu had been exposed to high 
concentrations of PBDEs for 12 years (Leung et al., 2007).   
During the investigation of octa-BDE mixture debromination, the carrier 
solvent correlated with the distribution of Dehalococcoides species.  The different 
debromination profiles or endpoints could be attributed to the presence 
of diverse Dehalococcoides species, as corroborated by various 16S rRNA gene 
sequences, or to a microbe(s) other than a Dehalococcoides species.  In this study, 
TCE promoted the growth of Dehalococcoides species (Figure 3.9A, lanes 2 to 9) 
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cultivated with octa-BDE/TCE in the microcosms, indicating the importance of this 
genus in the dehalogenation process in the environment.  Interestingly, the 





 compared to Dehalococcoides-containing 
microcosms (e.g., C-T-2, C-T-3, C-T-7, C-T-10, C-T-14, GY-T-11, S-T-1, U-T-2).  







 warrant further investigations into their microbial community and function of these 
Dehalococcoides-free microcosms/cultures.  
Together, the results of this study provide valuable insights into the role of 
environmental microbes in the fate of PBDEs in the natural environment, and they 
complement previous studies. The rapid debromination rates observed for higher 
brominated PBDEs demonstrated the potential of formation of relatively more-toxic 
less-brominated congeners via microbial degradation. This assessment serves as a 





Chapter 4 Complete Debromination of Tetra- and Penta- 
Brominated Diphenyl Ethers by a Coculture Consisting of 















 Polybrominated diphenyl ethers (PBDEs) are widespread global contaminants 
due to their extensive usage as flame retardants.  Among the 209 PBDE congeners, 
tetra-brominated diphenyl ether (tetra-BDE) (congener 47) and penta-BDEs 
(congeners 99 and 100) are the most abundant, toxic, and bioaccumulative congeners 
in the environment. However, little is known about microorganisms that carry out 
debromination of these congeners under anaerobic conditions.  In this study, we 
describe a coculture GY2 consisting of Dehalococcoides and Desulfovibrio spp., 
which is capable of debrominating  ~ 1180  nM of congeners 47, 99, and 100  (88% to 
100% removal) to the non-brominated diphenyl ether at an average rate of 36.9, 19.8, 
and 21.9 nM day
-1
, respectively. Ortho bromines are preferentially removed during 
the debromination process. The growth of Dehalococcoides links tightly with PBDE 
debromination, with an estimated growth yield of 1.99 × 10
14
 cells per mole of 
bromide released, while the growth of Desulfovibrio could be independent of PBDEs.  
The growth-coupled debromination suggests that Dehalococcoides cells in the 
coculture GY2 are able to respire on PBDEs.  Given the ubiquity and recalcitrance of 
the tetra- and penta- BDEs, complete debromination of these congeners to less toxic 




Polybrominated diphenyl ethers (PBDEs) are a class of highly toxic and 
recalcitrant environmental contaminants that tend to bioaccumulate across trophic 
levels of food webs (Burreau et al., 2004; Kelly et al., 2007; Vonderheide et al., 
2008).  PBDE concentrations have doubled every 4–6 years in various biota and 
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environmental compartments over the past three decades (Hites, 2004; Norén & 
Meironyté, 2000; Tanabe, 2008).  Consequently, PBDEs have raised global public 
health concerns, and were recently included into the US Environmental Protection 
Agency "Chemicals of Concern" list and the United Nations Persistent Organic 
Pollutants (POPs) list (EPA, 2009; UNEP, 2009).  In the natural environment, PBDEs 
may be transformed by microorganisms via anaerobic reductive debromination and 
aerobic biotransformation, by fishes via reductive debromination and oxidative 
metabolism, by mammals via oxidative metabolism, and by ultraviolet light via 
photodegradation (Christiansson et al., 2009; Lee & He, 2010; Qiu et al., 2007; 
Roberts et al., 2011; Robrock et al., 2009; Stapleton et al., 2009). Although anaerobic 
reductive dehalogenation by microbes offers much promise for contaminant removal 
(Lendvay et al., 2003; Major et al., 2002), previous studies on PBDEs only showed 
partial debromination of higher brominated congeners (e.g., octa- and deca- BDE 
mixtures), leading to the accumulation of the relatively more toxic tetra- and penta- 
BDEs (He et al., 2006; Lee & He, 2010; Robrock et al., 2008). Considering the still 
widespread commercial applications of octa- and deca- BDE mixtures and the 
historical usage of over 100,000 metric tons of penta-BDE mixture in commercial 
products since the 1970s (UNEP, 2007), a further increase of tetra- and penta- BDE 
levels in the environment is expected.   
The tetra-brominated PBDE congener 47 and penta-brominated PBDE 
congeners 99 & 100 are of particular interest because they are the most 
environmentally abundant, toxic and bioaccumulative congeners (Burreau et al., 2006; 
de Wit, 2002; Hites, 2004). However, limited information is available on anaerobic 
microorganisms that are able to debrominate these tetra- and penta- BDEs. In an 
earlier study by Schaefer and Flaggs, no confirmed debromination was found for 
84 
 
congener 47 in anaerobic sediments after 32-week incubation (Schaefer & Flaggs, 
2001).  Another study showed only 3% decrease (from ~91% to ~88%) in mole 
fraction of congener 99, and a 30% decrease of congener 47 but without concurrent 
increase of daughter compounds after 8-month incubation (Tokarz et al., 2008).  
Although bacterial isolates Dehalobacter restrictus PER-K23 and Desulfitobacterium 
hafniense PCP-1 were found to debrominate congeners 99 and 47, debromination did 
not proceed beyond tetra-BDEs and di-/tri- BDEs, respectively (Robrock et al., 2008).  
Also, both isolates required co-substrates such as tetrachloroethene and 
pentachlorophenol in order to debrominate PBDEs. Moreover, in the above-
mentioned studies, PBDE debromination was limited by incomplete debromination 
and slow transformation (e.g., a few months). So far, evidence showing growth-
coupled PBDE debromination is still elusive, despite it being an important attribute in 
achieving rapid and complete remediation of toxic compounds. Therefore, it is 
desirable to find microbes that can efficiently transform tetra- and penta- BDEs 
preferably to the end product diphenyl ether, in order to alleviate potential PBDE 
threats. 
Our previous microcosm study on octa-BDE mixture demonstrated that tetra- 
and penta- BDEs were the predominant end products of most microcosms with an 
exception of microcosm GY-T-2, in which di- and mono- BDEs were also detected 
(Lee & He, 2010). In the present study, we have found that microorganisms in 
subcultures of GY-T-2 are able to debrominate tetra- and penta- BDEs (congeners 47, 
99, and 100) to diphenyl ether within weeks. The successful cultivation of 
microorganisms capable of completely debrominating these congeners offers a 




4.3 Materials and Methods 
4.3.1 Chemicals   
All chemicals were reagent grade or higher and were obtained from Sigma-
Aldrich (St. Louis, MO) unless stated otherwise.  Isooctane (2,2,4-trimethylpentane; 
analysis quality) was obtained from Tedia Company Inc. (Fairfield, OH).  A 
customized PBDE mixture consisting of tetra- and penta- BDEs (congeners 47, 99, 
and 100) dissolved in isooctane was acquired from Ultra Scientific (North Kingstown, 
RI).  Individual PBDE congeners (congeners 3, 15, and 28) dissolved in isooctane and 
2,2',4,4'5,5'-hexabromobiphenyl (HBB) dissolved in isooctane were obtained from 
AccuStandard (New Haven, CT). 
 
4.3.2 Culture media and cultivation   
Anaerobic, bicarbonate-buffered mineral salts medium that were reduced by 
0.2 mM of L-cysteine, 0.2 mM of Na2S∙9H2O and 0.5 mM of DL-dithiothreitol was 
prepared as previously described (He et al., 2007).  A vitamin solution including 0.05 
mg∙L-1 vitamin B12 was added to all samples (He et al., 2007).  All cultures were 
grown in 160-mL serum bottles containing 100 mL of medium and sealed with butyl 
rubber septa and aluminum crimp caps to ensure strict anaerobic conditions.  Unless 
stated otherwise, acetate (10 mM) and hydrogen (500,000 ppmv) were amended to the 
medium as carbon source and electron donor, respectively.  For time-course studies, 
PBDE congeners dissolved in isooctane were added to the samples, resulting in initial 
measured concentrations of 517 ± 19 nM (congener 47), 315 ± 41 nM (congener 99), 
and 347 ± 27 nM (congener 100), respectively. Both sample and control bottles were 
incubated in an upright position at 30°C without agitation in dark. Transfers of 
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cultures were made with an inoculum size of (2% v/v) and were initiated when 80% 
of the added substrate is degraded, usually at day 10 of incubation. 
Time course studies were established in triplicates.  Control bottles were 
established in triplicates for the time course studies to assess possible abiotic 
transformation – uninoculated controls consist of all components in a normal growth 
medium except that no inoculation was performed while autoclaved controls consist 
of inoculated culture bottles that were autoclaved at 121 °C for 20 min.  All 
experiments for the time course studies and substrate range studies were repeated 
twice for verification of the results. 
 
4.3.3 Sample extraction and analytical techniques   
Samples containing PBDEs were subjected to liquid-liquid extraction as 
previously described (Lee & He, 2010), with modifications to further prevent losses 
caused by sorption or photodegradation (lowering down of initial isooctane volume 
from 1 mL to 0.4 mL, and omission of both 16-hr shaking and blow down under N2 
flow).  Samples containing PBDEs were analyzed by GC-MS (Agilent Model 
numbers 6890N for GC and 5975 for MSD, respectively) equipped with a Restek Rxi-
5ms column (15 m; inside diameter, 0.25 mm; film thickness, 0.25 µm; Restek 
Corporation, Bellefonte, PA) using published run parameters (Lee & He, 2010).  The 
monitored ions under the selected ion monitoring (SIM) mode are as follows: 
diphenyl ether (m/z 115.10, 141.10, 142.10, 169.10, 170.10, 171.10), mono-BDE (m/z 
247.80, 249.80), di-BDE (m/z 247.80, 327.80, 329.60), tri-BDE (m/z 245.80, 247.80, 
327.60, 407.60), tetra-BDE (m/z 325.70, 327.80, 406.00, 483.60, 485.50, 487.60), 
penta-BDE (m/z 403.40, 405.60, 483.60, 485.70, 561.50, 563.50).  The identification 
of PBDEs congeners (parent and daughter compounds) was performed by comparing 
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peak retention times and mass spectra with 39 congener standards (mono- through 
hepta- BDEs) in a standard solution (Cambridge Isotope Laboratories, Inc., Andover, 
MA).  PBDE concentrations were calculated using five-point calibration curves 
(linearity of R
2
 > 0.990) specific for each PBDE congener (congener 99 (R
2
 = 0.9925), 
congener 100 (R
2
 = 0.9933), congener 47 (R
2
 = 0.9915), congener 28 (R
2
 = 0.9956), 
congener 15 (R
2
 = 0.9986), congener 3 (R
2
 = 0.9968)) and diphenyl ether (R
2
 = 
0.9967), spanning a concentration range of ~14 nM to ~ 1005 nM.  HBB was used as 
an internal standard to account for losses during extraction and was added to samples 
along with isooctane before liquid-liquid extraction of PBDEs. Quantification for 
congeners was done by comparison of the relative response factor to the internal 
standard.  The extraction efficiencies for HBB during the time course debromination 
experiments ranged from 79% to 87%.  The instrument detection limits for PBDE 
congeners (hepta-BDE to mono-BDE) ranged from 0.070 to 0.224 nM.   
PCBs were extracted following the same procedure used for PBDEs and 
analyzed by using gas chromatography (Agilent, Santa Clara, CA) equipped with a 
electron capture detector (GC-ECD) and a DB-5 capillary column (J&W Scientific, 
Folsom, CA).  Nitrogen was used as carrier gas at a flow rate of 1.2 mL/min. The 
temperature program was set as follows: oven temperature was held at 170°C for 5 
min, ramped up at 5°C/min to 260°C, and was held for 10 min.  Injector and detector 
temperature were 250°C and 300°C, respectively.  The identification of specific PCB 
congeners was performed by comparing peak retention times with standard PCB 
mixtures containing tri- to nona-PCB congeners (AccuStandard, New Haven, CT).  
Extraction and analyses for chlorophenols and bromophenols were done as described 
previously (Mun et al., 2008).  Chloroethenes were determined by GC-FID as 
described (Cheng & He, 2009). 
88 
 
4.3.4 Molecular analyses   
Genomic DNA was extracted from GY2 cultures using QIAGEN DNeasy 
Blood and Tissue Kit (QIAGEN GmbH, Hilden, Germany) as previously described 
(Chow et al., 2010).  16S rRNA genes in GY2 microbial community were amplified 
using universal bacterial primer pair 8F and 1541R (Lane et al., 1985), and the 
amplicons were cloned, sequenced, and aligned as previously described (Cheng et al., 
2010).  The assembled nucleotide sequences were deposited in GenBank under 
accession numbers JF714419 and JF714420.  DGGE analysis was conducted using 
universal bacterial 16S rRNA primer pair 341F-GC and 534R as previously described 
(Duhamel et al., 2004).  PCR amplified fragments were electrophoresed on an 8% 
polyacrylamide gel with a 30–80% urea–formamide gradient for 8 hours at 120V and 
60°C.   
qPCR (ABI 7500 Fast Real-Time PCR system, Foster, CA, USA) enumeration 
of Desulfovibrio and Dehalococcoides cells was performed with QuantiTect SYBR 
Green PCR Kit (Qiagen, Valencia, CA) using genus-specific 16S rRNA gene qPCR 
primer pairs (Fite et al., 2004; Holmes et al., 2006).  The thermocycling program was 
as follows: an initial step of 15 min at 95 °C, followed by 40 cycles of 15 s at 94 °C 
and 30 s at 60 °C (for Dehalococcoides) or 62 °C (for Desulfovibrio), and then 30 s at 
72 °C.  Melting curve analysis was also performed at the end of the amplification 
process, to ensure primer specificity.  The standard curves were constructed by 





 gene copies per mL.  Since members of the Desulfovibrio 
genus possess 4-5 copies of 16s rRNA gene fragments per genome (Lee et al., 2009), 
the Desulfovibrio cell numbers reported in this study were normalized to one fourth of 
the measured 16S rRNA gene copy number. 
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4.3.5 Enzymatic analyses   
Cells were harvested by filtration through polycarbonate membrane filters 
with 0.2 μm pore size (GE Osmonics) and resuspended in buffer with 10 mM Tris-
HCl and1 mM dithiothreitol (adjusted to pH 7.5). Cell extract was obtained by 
disruption for 3 min at 50% amplitude with 5s/25s working/cooling pulse using a 
VCX 130 ultrasonicator (Sonics) followed by centrifugation at 10,000 g for 30 min to 
remove cell debris. In vitro activity test was performed inside an anaerobic chamber.  
Each reaction contains 2 mL assay solution (buffered with 100 mM Tris-HCl, pH 7.3) 
consisting of 2mM of methyl viologen that was reduced by 1.5 mM Ti(III)-citrate, 
PBDE congeners (~1180 nM), and 0.5ml cell extract concentrated from 50 ml of 
active cultures. Reaction mixture was then sealed in 4 mL amber vials and incubated 
at 35°C, 150 rpm for 24 hours before extraction and analyses as described above.   
 
4.4 Results 
4.4.1 Enrichment and community analysis of a tetra- and penta- BDE 
debrominating culture 
A subculture GY2 was obtained by transferring (2% v/v) an octa-BDE 
debrominating microcosm GY-T-2 (obtained from an e-waste recycling site (Lee & 
He, 2010) into an anaerobic mineral salts medium that was amended with acetate (10 
mM) and a penta-BDE mixture [consisting of tetra-BDE (congener 47), penta-BDEs 
(congeners 99 and 100), and hexa-BDE (congener 153)].  Hydrogen was supplied as 
an electron donor source since some putative debrominators (e.g., Dehalococcoides 
and Dehalobacter) are strict hydrogenotrophs (He et al., 2006; Robrock et al., 2008).  
Because methane was detected in the microcosm GY-T-2, a potent methanogenesis 
inhibitor – 2-bromoethanesulphonic acid (BES) was also added to inhibit 
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methanogens.  After 3 weeks of incubation, congeners 47, 99, and 100 were 
significantly debrominated to diphenyl ether (data not shown).  During the 
debromination of the penta-BDE mixture, di- and tri- BDEs were first detected as 
intermediates on day 5, followed by mono-BDE and diphenyl ether on day 8 (data not 
shown).  Debromination of congeners 47, 99, and 100 occurred at an average rate of ~ 
24.6 nM day
-1
, 12.5 nM day
-1




respectively.  Interestingly, 
debromination of these congeners still proceeded as normal even without the addition 
of hydrogen to the medium.  Since there was no debromination of congener 153 even 
after two-month incubation, a customized PBDE mixture consisting of only congeners 
47, 99, and 100 was used in subsequent studies.  After five transfers (2% v/v) in the 
presence of 2 mM BES, methane was no longer detectable.  After another thirty 
transfers (2% v/v) via dilution-to-extinction, microscopic examination revealed that 
the culture was dominated by cells of curved-rod and coccoid morphologies.  At this 
stage, the culture required the presence of hydrogen in order to debrominate the 
PBDE mixture (congeners 47, 99, and 100).  Additionally, in contrast to the 
microcosm GY-T-2 (Lee & He, 2010), culture GY2 was unable to debrominate 
congeners in the octa-BDE mixture.  Collectively, this suggests that the initial 
hydrogen producers and the octa-BDE mixture debrominators were diluted out, and 
the enrichment culture GY2 contained populations that debrominate tetra- and penta- 
BDEs in the presence of hydrogen. 
In order to determine the phylogeny of microbes in culture GY2, genomic 
DNA extracted from GY2 was used to establish a 16S rRNA gene clone library.  
Enzyme digestion with MspI and HhaI showed four distinctive restriction profiles 
from the 96 clones picked.  Sequencing of representative clones revealed that culture 
GY2 consisted of Desulfovibrio (78 clones) and Dehalococcoides (18 clones).  The 
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Desulfovibrio species in GY2 (Accession No. JF714419) shares 99% 16S rRNA gene 
sequence identity with Desulfovibrio vulgaris Miyazaki F over 1541 bp (Figure 4.1).  
None of the closely related species such as strain Miyazaki F and Desulfovibrio 
oryzae has been reported to exhibit dehalogenating capabilities.  Only the distantly 
related Desulfovibrio strains SF3 and TBP-1 (87% and 85% identity with the strain in 
this study) were previously reported to dehalogenate halogenated aromatic 
compounds (Boyle et al., 1999; Sun et al., 2000).  The Dehalococcoides species in 
GY2 (Accession No. JF714420) shares the highest percentage of identity (99% over 
1487 bp) with Dehalococcoides sp. VS, which has been associated with 
dechlorination of chloroethenes (Figure 4.1), (Cupples et al., 2003). 
Colony picking from agar shakes failed to isolate either bacterial population in 
GY2, as confirmed by using denaturing gradient gel electrophoresis (DGGE).  When 
probed with universal bacterial 16S rRNA gene primers, two distinct bands were 
observed on the DGGE gel – the first band from the top corresponded to 
Dehalococcoides sp. while the second band corresponded to Desulfovibrio sp., as 
verified by the positive controls obtained from clone library (Figure 4.2).  The above 
results confirmed that culture GY2 still exists as a coculture consisting of 
Desulfovibrio and Dehalococcoides species. 
 
4.4.2 Time-course study of PBDE debromination 
After 14 days incubation in acetate/H2 amended medium, culture GY2 
debrominated 100% of (517± 19 nM) congener 47, 88% of (315 ± 41 nM) congener 
99, and 92% of (347 ± 27 nM) congener 100 (Figure 4.3A).  Congener 28 (tri-BDE), 
congener 15 (di-BDE), and congener 3 (mono-BDE) were initially observed as the 
debromination products on day 2 and 4 of incubation, but they were rapidly 
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debrominated to near-stoichiometric quantities (1018 ± 28 nM) of diphenyl ether 
(Figure 4.3B).  The average debromination rates of congeners 47, 99, and 100 over 14 
days were 36.9, 19.8, and 21.9 nM day
-1
, respectively.    No further debromination 
was observed for congeners 99 and 100 after day 14 of incubation, even with 
additional hydrogen (500,000 ppmv) amendment.  Uninoculated controls (Figure 
4.3A) and autoclaved controls of culture GY2 did not debrominate congeners 47, 99, 
and 100 to any daughter compounds throughout the experimental period. 
  
4.4.3 Debromination pathways 
Debromination products from congeners 47, 99, and 100 were identified by 
comparing their GC retention times and mass spectra with those of known congeners 
in an analytical standard.  Comparing with previous studies (He et al., 2006; Robrock 
et al., 2008), only one daughter compound was observed in each bromine removal 
step (Figure 4.4).  Congeners 99 and 100 were debrominated through meta & ortho 
substitution to congener 47, which was the only tetra-BDE congener detected 
throughout the process.  Two consecutive ortho debromination steps [tetra-BDE 
(congener 47) → tri-BDE (congener 28) → di-BDE (congener 15)] subsequently 
occurred, followed by removal of the remaining two para bromines [di-BDE 
(congener 15) → mono-BDE (congener 3) → diphenyl ether] to form the final non-
brominated end product.  The above debromination pathway suggests that ortho 
bromines are preferentially debrominated by culture GY2, as reflected by the removal 
of ortho instead of para bromines from congener 47,  and lower accumulation of 
ortho-substituted debromination intermediate congener 28 compared to the para-
















Figure 4.1 Phylogenetic tree based on clones from 16S rRNA gene clone library of culture GY2 and 16S rRNA gene sequences of other closely 
related strains.  Group a & c: Strains that were previously implicated in debromination of PBDEs; Group b: Desulfovibrio strains previously 
shown to dehalogenate aromatic halogenated compounds. 
 
Dehalococcoides sp. (current study), JF714420  
Dehalococcoides sp. VS, AY323233.1 
Dehalococcoides ethenogenes 195, AF004928 
Dehalococcoides sp. MB, EU073964.1 
Desulfitobacterium hafniense, DFU40078 
Desulfovibrio sp. TBP-1, AF090830 
Desulfovibrio dechloracetivorans strain SF3, NR_025078 
Desulfovibrio oryzae, AF273083 
Desulfovibrio sp. (current study), JF714419  
Desulfovibrio vulgaris strain Miyazaki F, NC_011769 
Sulfurospirillum multivorans, X82931  
Escherichia coli, X80724 







Figure 4.2 Denaturing gradient gel electrophoresis (DGGE) profile of PBDE 
debrominating culture.  GY2: Culture GY2 grown with in acetate/H2 amended 
medium and spiked with congeners 47, 99 and 100.  DNA was extracted on day 12 of 
debromination, during which debromination is ~ 80% complete.  DSV: Plasmid DNA 








































































































Figure 4.3 Debromination of PBDEs and products formation by culture GY2 over an 
incubation period of 14 days.  A. Time-course debromination of congeners 47, 99, 
and 100. by culture GY2.  Concentration of uninoculated controls was summed up 
from congeners 47, 99, and 100. B. Time course of products formation.  For A and B, 
data were collected from the same set of kinetics experiment.  Error bars represent 
standard deviations of triplicate cultures.   
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Figure 4.4 Observed debromination pathways of congeners 47, 99, and 100 by culture GY2.  o: ortho bromine removal; m: meta bromine 
removal; p: para bromine removal.
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4.4.4 PBDE-dependent growth of Dehalococcoides 
To investigate the role of Dehalococcoides and Desulfovibrio in PBDE 
debromination, their 16S rRNA gene copies in active debrominating culture GY2 were 
monitored by using quantitative real-time PCR (qPCR) with genus-specific primers.  
qPCR measured that Dehalococcoides cell density increased 77 folds from 1.31 × 10
4
 




 (day 12) in PBDE-amended cultures (~1180 nM) (Figure 
4.5A), but did not show obvious changes in controls that were not spiked with PBDEs 
throughout the experimental period.  This indicates the strict requirement of PBDEs for 
the growth of Dehalococcoides in culture GY2.  Figure 4.5B further shows that the 
Dehalococcoides cell density at day 12 in culture bottles spiked with varying amounts of 
PBDEs was linearly correlated (R
2
 = 0.995) with initial PBDE concentrations.  These 







Figure 4.5 PBDE-dependent growth of Dehalococcoides in culture GY2.  A. 
Dehalococcoides growth in the presence and absence of PBDEs. Error bars represent 
standard deviations of triplicate cultures.  B. Dehalococcoides growth under varying 
initial PBDE concentration.  Initial PBDE concentration refers to sum of congeners 47, 
99, and 100.  For every data point, cells were harvested on the day 12 of incubation, 
during plateau phase of growth.  Error bars represent standard deviations of triplicate 
cultures. 
 
The growth yield for Dehalococcoides with congeners 47, 99, and 100 as the 
electron acceptor was estimated to be 1.99 × 10
14
 cells per mole of bromide released.  For 
Desulfovibrio, no significant difference in cell growth can be found in cultures with or 
without PBDEs, in which cell density increased 72 folds in PBDE-amended cultures and 
63 folds in controls that were not spiked with PBDEs.  Moreover, in PBDE-amended 
culture, Desulfovibrio growth reached plateau phase at day 4 when ~ 23 % of the added 
PBDEs has been debrominated.  Noteworthy, in the absence of external hydrogen, PBDE 
debromination was not observed, and qPCR measured that Dehalococcoides cells failed 
99 
 








 on day 12)] 




  (day 12).  
Even in the presence of 10 mM (960 mg/L) of sulfate, culture GY2 debrominated 
congeners 47, 99, and 100 to diphenyl ether without apparent changes in debromination 
rates, suggesting that sulfate reduction is independent from the debromination process.  
The results described above indicate that Dehalococcoides plays an important role in the 
debromination of PBDEs via a dehalorespiratory process, while the role of Desulfovibrio 
remains unclear.  
 
4.4.5 In vitro assay of PBDE activities 
Cell lysate of culture GY2 were tested on its ability to dehalogenate congeners 47, 
99, and 100 in vitro, in the presence of reduced methyl viologen (E0' = –446 mV).  The 
crude cell lysate yielded the same debromination profile as that observed for the cultures 
within 2 hours, confirming that cellular components were responsible for PBDE 
debromination in culture GY2.   
 
4.4.6 Debromination of biogenic tetra- and penta- BDEs 
We also assessed culture GY2‘s ability to debrominate the biogenic daughter 
compounds of another PBDE-debrominating enrichment culture C-N-7 (Lee & He, 
2010).  Culture C-N-7 was previously found to debrominate congeners in the octa-BDE 
mixture to produce ~200 nM of unidentified tetra- and penta- BDE congeners when 
grown under the same conditions as culture GY2 (Figure 4.6).  Inoculation of culture 
GY2 was initiated upon the completion of debromination by culture C-N-7.  Complete 
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debromination of the biogenic tetra- and penta- BDEs to diphenyl ether was observed 
within 14 days after the inoculation of GY2 (Figure 4.6).  The results indicate that GY2 
targets a much broader range of PBDE congeners than those covered in this study.  This 
versatility in debromination offers great potential in the removal of more toxic lower 
brominated PBDE congeners generated from commonly used octa- and deca- BDE 
mixtures.  The results also highlighted culture GY2‘s potential to work with other PBDE-





Figure 4.6 Debromination of a technical octa-BDE mixture to diphenyl ether by coculture 
of culture C-N-7 and GY2.  A. GC-MS chromatogram of an octa-BDE mixture 
debromination profile by enrichment culture C-N-7 after 3 weeks incubation (before GY2 
inoculation).  B. GC-MS chromatogram of an octa-BDE mixture debromination profile 
by enrichment culture C-N-7 and culture GY2 after 4 weeks incubation (one week after 
GY2 inoculation).  C. GC-MS chromatogram of an octa-BDE mixture debromination 
profile by enrichment culture C-N-7 and culture GY2 after 5 weeks incubation (two 
weeks after GY2 inoculation). 
 
4.4.7 Dechlorination of PCBs.  
Apart from PBDEs, culture GY2 was also tested on its ability to dechlorinate PCBs given 
the structural similarities between the two compounds.  Individual PCB congener, 
2,2',3,4,4',5,5'-heptaCB (# 180), the most abundant congener in commercial PCB mixture 
Aroclor 1260, was spiked into GY2 culture in the acetate-amended medium.  Significant 
dechlorination was observed after 7 weeks incubation -  85% of hepta-CB [#180] was 
dechlorinated to hexa-CB [#153] (Fig. 4.7). 
 
Figure 4.7 Dechlorination of hepta-CB [#180] (filled circles) to hexa-CB [#153] (open 
diamonds) by GY2 in acetate-amended medium.  Hepta-CB [#180] was added to a final 




Culture GY2 was further tested on Aroclor 1260. After 3 months incubation, 
substantial changes in PCB profiles were observed.  Hexa-CB [#141], hepta-CBs [#170, 
#180, and #174] were dechlorinated in the meta-position, and converted to penta-CB 
[#101], hexa-CBs [#138, #153, and #149], respectively (removal percentages ranging 
from 15.5% to 35.0%) (Table 4.1).  Meta-substituted chlorines were predominantly 
removed from Aroclor 1260.  The meta-dechlorination pathway aligns with many mixed 
microbial communities capable of Aroclor 1260 dechlorination (Bedard, 2008), which 
has been the primary PCB removal process occurring in situ so far.  Apart from meta-
dechlorination, the rarely-observed ortho-dechlorination pathway was observed in PCB 
dechlorination by culture GY2.  Dechlorination products include two coplanar PCB 
congeners – penta-CB [#110] and tetra-CB [#77].  In particular, the non-ortho-substituted 
tetra-CB [#77] is a stereoisomer of 2,3,7,8-tetrachlorodibenzo-p-dioxin, and is considered 












Table 4.1 PCB congener changes in Aroclor 1260 by culture GY2  





-73.33 * -19.32 
138 234-245 -63.74 -6.38 
141 2345-25 -178.32 -34.97 
144 2346-25 108.93 (new peak) 
149 236-245 163.82 18.18 
151 2356-25 -55.65 -17.02 
153 245-245 249.68 22.96 
167 245-345 -26.03 -25.51 
170 2345-234 -80.81 -15.50 
171 2346-234 -16.37 -8.01 
172 2345-235 -17.66 -20.75 
174 2345-236 -103.05 -20.70 
177 2356-234 -49.40 -15.91 
180 2345-245 -197.05 -16.48 
183 2346-245 55.94 18.73 
185 23456-25 -18.52 -18.66 
187 2356-245 85.69 14.24 
194 2345-2345 -31.78 -11.59 
199 2345-2356 -17.18 -8.10 
 
Changes of PCB congeners were obtained by comparing culture GY2 and autoclaved controls 
after three months incubation.  Lower chlorinated congeners (Cl < 6) were heavily absorbed in 
both GY2 culture and control bottles, and were therefore not included in this table. * Hexa-CB 
[#132] and penta-CB [#105] coelute in chromatography profiles, so their molar concentration 
were estimated by using a molecular weight of 343.96 (Cl = 5.5). 
 
4.4.8 Dehalogenation of other aliphatic and aromatic halogenated compounds 
Substrate range studies were performed on culture GY2 to test its ability to 
degrade aliphatic and aromatic halogenated compounds such as chloroethenes, 
chloroethanes, polybrominated diphenyl ethers, chlorophenols and bromophenols.  Table 
4.2 shows the compounds which were successfully dehalogenated and the daughter 
compounds produced.  Despite showing debromination activity towards technical octa-
BDE mixture during the initial microcosm stages, the enriched culture GY2 failed to 
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debrominate congeners in the mixture, suggesting that the dominant PBDE 
debrominators during initial stages has been diluted out and succeeded by the current 
population. Culture GY2 also failed to debrominate deca-BDE mixture (consisting of 
nona- and deca-BDEs) and chloroethanes such as 1,2-dichloroethane and 1,1-
dichloroethane. 
 
Table 4.2 Diverse halogenated compounds dehalogenated by GY2 
 
Abbreviations: PCP, Pentachlorophenol; TeCP, Tetrachlorophenol; TCP, Trichlorophenol; MCP, 
Monochlorophenol; TBP, Tribromophenol; DBP, Dibromophenol; MBP, Monobromophenol; 
PCE, Tetrachloroethene; TCE, Trichloroethene; DCE, Dichloroethene. 
 
4.5 Discussion 
To our knowledge, this report presents the first demonstration of complete 
removal of bromines from the most environmentally abundant and toxic PBDE congeners 
(congeners 47, 99, and 100).  This is a crucial step for the detoxification of PBDEs since 
diphenyl ether possesses much lower toxicity than PBDEs and can be further degraded 
under aerobic conditions (Hundt et al., 1999; Schauer et al., 1995).  Sequential anaerobic-
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aerobic degradation processes have been previously shown to completely detoxify 
contaminants such as polychlorinated biphenyls (PCBs), nitrobenzenes and 
tetrabromobisphenol A (Dickel et al., 1993; Master et al., 2001; Rodrigues et al., 2006; 
Ronen & Abeliovich, 2000).  Based on our findings, it is suggested that complete 
detoxification of PBDEs such as congeners 47, 99, and 100 are achievable through the 
application of microbial processes.  
Culture GY2 shows capability of removing bromines from all three positions 
(ortho, meta, and para) to produce the non-brominated diphenyl ether, which is rarely 
observed in other aromatic-compounds dehalogenating cultures.  Among the three 
bromine removal patterns, ortho bromine removal represents the most dominant 
debromination pathway for culture GY2 towards congeners 47, 99, and 100.  This 
halogen removal strategy is in contrast to previous microbial dehalogenation studies on 
polybrominated biphenyls (PBBs) and PCBs, which were more readily dehalogenated at 
meta and para positions (Bedard & Van Dort, 1998; Morris et al., 1992; Wiegel & Wu, 
2000).  The difficulty in removing ortho halogens was also observed in previous PBDE 
studies: Dehalobacter restrictus PER-K23, Desulfitobacterium hafniense PCP-1, the 
mixed culture ANAS195, and sediment microcosms were found to remove a para-
substituted bromine from congener 47 to form congener 17 instead of forming congener 
28 through ortho debromination (Robrock et al., 2008; Tokarz et al., 2008).  Although 
ortho-debromination was also observed in the abovementioned studies (e.g., congener 99 
to congeners 66 or 47; congener 47 to congener 28), the products were generated in 
minimal quantities.  Similar to microbial processes, in vivo metabolism in fishes like 
common carp, rainbow trout and Chinook salmon demonstrated a preference towards 
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meta- and para- debromination (Roberts et al., 2011).  The ortho bromine removal 
strategy shown in this study implies that the microorganisms in culture GY2 are unique 
and previously undescribed.  This might be because culture GY2 was obtained from an 
electronic waste site with high concentrations of PBDEs (Leung et al., 2007), the intense 
selection pressure of which might have facilitated the acquisition of necessary genes 
enabling culture GY2 to debrominate PBDEs through novel mechanisms.  The 
debromination pathway of GY2 offers new insights into the environmental fate of these 
abundant and toxic PBDE congeners. 
The investigation of culture GY2‘s microbial community using 16S rRNA gene-
based methods revealed the presence of Desulfovibrio and Dehalococcoides species.  As 
an obligate dehalorespiring microorganism, Dehalococcoides strictly requires 
halogenated compounds (as electron acceptors) and hydrogen (as electron donor) for 
growth.  It is therefore suggested that the debromination of PBDEs was mediated by the 
Dehalococcoides species in culture GY2, as evidenced by our observation that (1) 
hydrogen was required for debromination of PBDEs; (2) the absence of PBDE 
debromination coincided with the absence of Dehalococcoides growth.  The estimated 
growth yield of Dehalococcoides with PBDEs as the electron acceptors in our study (1.99 
× 10
14
 cells per mole of bromide released) is comparable to the growth yields of previous 
dechlorinating Dehalococcoides cultures which ranged from 0.78 to 5.60 × 10
14
  cells per 
mole of chloride released (Cheng & He, 2009).  In contrast, the growth of Desulfovibrio 
species might be independent of PBDE debromination.  As a sulfate reducer, 
Desulfovibrio cells in culture GY2 might have utilized the trace quantities of sulfate 
oxidized from sulfur-containing reductants (e.g., sodium sulfide, L-cysteine or DL-
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dithiothreitol) as electron acceptors for growth.  Additionally, sulfate (10 mM) did not 
affect PBDE debromination rates, suggesting that sulfate reduction and PBDE 
debromination were two independent processes.  So far, Desulfovibrio species are rarely 
associated with reductive dehalogenation.  Among the numerous Desulfovibrio strains 
isolated, only two strains (SF3 and TBP-1) were implicated in the dehalogenation of 
chlorophenols and bromophenols, respectively (Boyle et al., 1999; Sun et al., 2000).  
Notably, strains SF3 and TBP-1 failed to grow when the halogenated substrates were 
omitted from the growth medium, while in our study, Desulfovibrio still grew in the 
absence of PBDEs.  Although it is unlikely that Desulfovibrio is involved in PBDE 
debromination, we are unable, thus far, to exclude the possibility that the Desulfovibrio 
species in culture GY2 played a role in the debromination of PBDEs.  In two previous 
studies, Desulfovibrio sp. present in a coculture and in a mixed consortium has been 
suggested to be responsible for the dehalogenation of halophenols and chloroethane, 
respectively (Zhang et al., 2010; Fennell et al., 2004b).  Additionally, the interactions 
between Dehalococcoides and Desulfovibrio in culture GY2 may be nutritional in nature.  
For example, Dehalobium chlorocoercia DF-1, a PCB dechlorinating isolate, requires the 
presence of Desulfovibrio either in a coculture or cell extract for it to dechlorinate PCBs 
(May et al., 2008).  However, to clearly elucidate the roles of both Desulfovibrio and 
Dehalococcoides species in culture GY2, pure isolates are required and efforts are 
currently underway to isolate them. 
It is important to note the rapid PBDE debromination rates observed in this study.  
Culture GY2 significantly debrominated ~1000 nM of PBDEs within only 14 days (78.6 
nM per day), while previous PBDE debrominating mixed or pure cultures generally 
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required a few months and often exhibited incomplete removal of the substrates (He et 
al., 2006; Robrock et al., 2008; Tokarz et al., 2008).  Our findings suggest that the rapid 
and complete removal could be attributed to the growth-coupled PBDE debromination by 
Dehalococcoides species.  Compared to previous studies, this investigation presents the 
most conclusive evidence to date with regard to growth-coupled reductive debromination 
of PBDEs and offers new insights into the range of electron acceptors utilizable by 
Dehalococcoides species (Lee & He, 2010; Robrock et al., 2008). 
Additionally, culture GY2 also showed PCB dechlorination activity towards 
commercial PCB mixture Aroclor 1260 and individual PCB congener hepta-CB (#180). 
The findings suggest the occurrence of microbe-mediated ortho-dechlorination of 
Aroclor 1260 in nature, which results in the formation of the more toxic coplanar PCB 
congeners.  This rarely-observed dechlorination pathway suggests that we might have 
underestimated the severity of PCB contamination and PCB toxicity may even increase 
after certain extent of ortho-dechlorination. However, more in-depth work is required to 
assess the implication of this ortho-dechlorination pathway. 
In summary, this study reports that soil microorganisms are able to completely 
debrominate the most toxic and prevalent PBDE congeners (e.g., congeners 47, 99, and 
100) to the non-brominated diphenyl ether.  Our report indicates that biotic processes, 
specifically anaerobic microbial debromination, could contribute to the detoxification of 
these notorious pollutants in nature, thus offering a viable alternative for the restoration 







Chapter 5 A Unique Dehalococcoides Strain that Produces 
Hydrogen in Syntrophic Association with a Hydrogenotrophic 













Although the Dehalococcoides species has been extensively studied, little is 
known with regard to its ability to utilize non-chlorinated compounds as metabolic 
electron acceptors and its interaction with other microorganism in complex communities 
(e.g. contaminated sites).  Here, we described a novel Dehalococcoides strain, designated 
IS, capable of debrominating ~ 100 µM of 2,4,6–tribromophenol (2,4,6-TBP) to 2-
bromophenol and 4-bromophenol.  Growth coupled debromination was observed, as 
evidenced by the 105-fold increase in cell numbers for 2,4,6-TBP amended cultures and 
absence of growth in controls unamended with 2,4,6-TBP.  Strain IS also cometabolically 
debrominated ~ 202 nM of octabromodiphenyl ether mixture to tetra- and tri-BDEs 
within 18 days. Besides brominated compounds, trichloroethene was dechlorinated 
predominantly to trans-DCE (trans- /cis- DCE ratio of 2.44 (±0.17):1) by strain IS, which 
represents the third trans-DCE producing Dehalococcoides strain. Our results also 
showed that strain IS could be responsible for the generation of hydrogen, the first 
Dehalococcoides with such capabilities. Under hydrogen limiting conditions, IS cell 
numbers remained unchanged when grown axenically but increased ~ 20 folds when 
grown in coculture with either a mixed Acetobacterium culture or Dehalococcoides sp. 
strain ANAS2, suggesting their interactions may be syntrophic in nature.  Isolation of this  
unique Dehalococcoides strain offers new physiological insights on the well-studied and 






5.2 Introduction  
Dehalococcoides species have received much attention due to their ability to 
dehalogenate toxic and recalcitrant halogenated contaminants that threaten public health 
and the environment. These fastidious microorganisms depend strictly on chlorinated 
compounds as electron acceptors and hydrogen as electron donor for growth (Maphosa et 
al., 2010; Taş et al., 2010). To date, eleven Dehalococcoides strains have been identified 
and they were shown to dechlorinate chloroethenes, chloroethanes, chlorinated dioxins, 
chlorinated biphenyls, chlorobenzenes and chloronaphthalenes (He et al., 2005; Fennell et 
al., 2004a; Adrian et al., 2009; Bunge et al., 2003; Adrian et al., 2000; He et al., 2003b).  
The isolation of these strains has enabled in-depth characterization of their physiological 
and genetic traits, thereby advancing our understanding of this unique bacterial genus. 
The discovery of multiple hydrogenases in the Dehalococcoides genome has reinforced 
the experimental observations of the importance of hydrogen in Dehalococcoides 
metabolism (Seshadri et al., 2005), thus resulting in hydrogen-releasing compounds being 
delivered to chloroethene-impacted sites in order to enhance bioremediation (Fennell et 
al.,1997).  Physiological insights from the isolates helped in the comprehension of 
microbial degradation pathways and fate of contaminants in the environment.  For 
example, although trans-DCE has been frequently observed at chloroethene-
contaminated sites, the biotic source of its generation has only been conclusively 
confirmed with the isolation of Dehalococcoides strains MB and CBDB1, which 
produces trans-DCE as major end products (Cheng & He, 2009; Marco-Urrea et al., 
2011).   
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Although members of the Dehalococcoides genus are generally well studied, little 
is known with regard to its ability to utilize other non-chlorinated halogenated 
compounds, because Dehalococcoides sp.  have only been shown to utilize chlorinated 
compounds as metabolic electron acceptors thus far (Maphosa et al., 2010; Taş et al., 
2010).  Interestingly, Dehalococcoides sp. have been found in environments that had not 
been exposed to chlorinated compounds (Löffler et al., 1999; Kittelmann et al., 2008; He 
et al., 2005; Rahm et al., 2006). The detection of Dehalococcoides in marine sponge 
(Ahn et al., 2003), which are natural sources of brominated organic compounds such as 
bromoindoles, bromophenols, and bromopyrroles, suggests the possibility that non-
chlorinated substrates (e.g brominated compounds) might serve as electron acceptors for 
Dehalococcoides sp.. Structurally similar to chlorophenols and polychlorinated 
biphenyls, which are known Dehalococcoides electron acceptors, bromophenols and 
polybrominated diphenyl ethers (PBDEs) are highly toxic and recalcitrant environmental 
pollutants that occur in various environmental compartments due to widespread usage 
(Hites, 2004; Fennell et al., 2004a; Adrian et al., 2009; Reineke et al., 2006; Oh et al., 
2009; Takigami et al., 2009; Oberg et al., 2002; Watanabe et al., 1985).  Both PBDEs and 
bromophenols have been linked to endocrine disruption, developmental neurotoxicity and 
embryotoxicity (Ghosh et al., 2000; Lyubimov et al., 1998; Birnbaum & Staskal, 2004; 
Viberg et al., 2006).  It is therefore important to find ways of debrominating these 
compounds, preferably in a metabolic process by dehalorespiring microorganisms (e.g. 
Dehalococcoides), in order to achieve efficient (faster and more complete) removal of 
these notorious compounds. 
113 
 
There is currently a knowledge gap in the study of Dehalococcoides regarding the 
lack of information regarding interactions of Dehalococcoides strains with other bacteria, 
which is important because they are required to thrive in highly complex microbial 
consortia during bioremediation.  Dehalococcoides typically grow better (higher growth 
rates) in   mixed communities in which they depend for H2 supply from other 
populations, as compared to when maintained in pure culture with H2 amendment (He et 
al., 2007; Cheng & He, 2009; Islam et al., 2010), suggesting that syntrophic interactions 
could act as drivers for bioremediation processes (Becker et al., 2005).  Despite the 
importance of Dehalococcoides for bioremediation, few studies have investigated the 
identity, specific roles and interactions of syntrophic populations involving 
Dehalococcoides sp. In an artificially reconstructed consortium, it was found that 
hydrogen produced from oxidation of acetate by an aceticlastic methanogen, 
Methanosarcina supported dechlorination of vinyl chloride to ethene by a mixed 
Dehalococcoides culture (Heimann et al., 2006).  In another study, He et al showed that 
acetate alone is sufficient to drive complete dechlorination of chloroethenes to ethene in 
contaminated sites/microcosm, suggesting that dechlorination was facilitated by H2 
generated from syntrophic acetate oxidizing populations present in the microcosms (He et 
al., 2002). An assessment of interactions between Dehalococcoides and other populations 
in syntrophic communities may prove useful for predicting the behavior and efficacy of 
Dehalococcoides during bioremediation of contaminated sites. 
The present study aims to investigate the ability of Dehalococcoides to utilize 
non-chlorinated halogenated electron acceptors and their possible inter- and intra-species 
interactions in a mixed community.  To this end, a novel Dehalococcoides species 
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capable of utilizing brominated phenols (2,4,6-Tribromophenol) as metabolic electron 
acceptors was successfully isolated. When subjected to hydrogen-limiting conditions, the 
new isolate interacted syntrophically with other hydrogenotrophic microorganisms, to 
produce hydrogen via the oxidation of acetate. Quantititave assessment of their 
syntrophic growth was performed in order to understand their specific roles and 
interactions in syntrophic dehalogenating communities. The study aims to provide useful 
insights to optimize current engineered bioremediation approaches for the restoration of 
contaminated environments. 
 
5.3 Material and methods. 
5.3.1 Chemicals  
Commercial octa-BDE mixture (consisting of nona-BDE [congener 207], octa-
BDEs [congeners 203, 196, & 197], hepta-BDE [congener 183], and hexa-BDE 
[congener 153]) and 2,4,6-tribromophenol (2,4,6-TBP) and trichloroethene (TCE) were 
purchased from Sigma-Aldrich (St. Louis, MO) at the highest purity available.  Isooctane 
(2, 2, 4-trimethylpentane) in analysis quality was obtained from Tedia Company Inc. 
(Fairfield, OH).   
 
5.3.2 Culture enrichment and isolation   
Anaerobic mineral salts medium was prepared as previously described in chapters 
3 & 4.  A sediment-free enrichment culture U7 was derived from microcosms established 
with sediment material collected from an e-waste contaminated site in Guiyu, China. 
From the microcosm stages, enrichment was performed by serial dilution to extinction 
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(21 transfers of 2% vol/vol each) in 60-mL serum bottles containing 30 mL of 
bicarbonate-buffered mineral salts medium and sealed with butyl rubber septa and 
aluminium crimp caps. Subsequently, three consecutive serial dilution series were 
performed ampicillin-containing (50 µg ml
-1
) liquid medium to select for the ampicillin-
resistant Dehalococcoides. The highest dilution series displaying dehalogenation activity 
was subjected to agarose (0.5%) shake cultivation. Single colonies were individually 
picked from the solid agar and transferred back to liquid medium amended with acetate, 
H2 and electron acceptors TCE and octa-BDE mixture. Unless indicated otherwise, 
acetate (10mM) and hydrogen (500,000 ppmv) was supplied as the carbon source and 
electron donor respectively for all experiments. Electron acceptors such as technical octa-
BDE mixture, 2,4,6-TBP and TCE were added to final concentrations of  ~650 nM, ~100 
uM and ~450 uM respectively. All culture bottles were incubated at 30°C without 
agitation in the dark.  All control bottles (uninoculated or autoclaved) were prepared in 
triplicates. 
 
5.3.3 Sample extraction  
For extraction of samples spiked with PBDEs or bromophenols, 1ml of liquid 
samples was removed from the bottles by disposable plastic syringe (Becton, Dickinson 
and Company, Franklin Lakes, N.J.) and added to 4-ml amber glass vial. An equal 
volume of isooctane was then added to the vial before being vortexed for 10 mins. 
Following that, the contents in the vial were then transferred to a 2-ml microcentrifuge 
tube and centrifuged at 14 000 rpm for 5 mins. The solvent phase (supernatant layer) was 
then transferred into a 2-ml amber glass vial for GC-MS analysis.   
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5.3.4 Analysis of halogenated compounds, acetate and hydrogen   
The identification and quantification of PBDEs were conducted as previously 
described in chapter 3 & 4.  Bromophenols was analyzed using GC-MS model #QP 2010, 
(Shimadzu, Japan) equipped with a column DB-5 (30 m х 250 µm х 0.25 µm) capillary 
column.  The oven temperature profile used was: 40°C to 200°C at 15°C/min and held for 
1 min at 200°C. Helium was used as the carrier gas at 1.0 mL/min. Chloroethenes were 
analyzed using GC-FID as described previously (He et al., 2002). Acetate was analyzed 
using gas chromatography (GC, model 7890A; Agilent Technologies, U.S.A.) on a 
Durabond (DB)-WAXetr column (30 m × 0.25 mm × 0.25 µm, model 123-7334; J&W, 
U.S.A.) equipped with a flame ionization detector (FID).  For analysis of hydrogen, a 1 
ml of gas sample was taken from the headspace of each culture bottle using a 1 ml gas 
tight syringe and then injected into a gas chromatography (GC, model 7890A; Agilent 
Technologies, U.S.A.) equipped with a thermal conductivity detector (TCD) and a 
Supelco custom column 80/100 Porapak N column (2 m × 1/8 inch S.S).  Argon (10 
ml/min) was used as the carrier gas during the gas analysis.   
 
5.3.5 DNA extraction and clone library construction   
Genomic DNA was extracted from the cell pellet of 1 ml of culture with Qiagen 
DNeasy Blood and Tissue Kit (QIAGEN GmbH, Hilden, Germany) as previously 
described in Chapters 3 & 4.  PCR (Eppendorf, Hamburg, Germany) amplification of the 
16S rRNA gene sequences were conducted by targeting the genomic DNA with a 
universal bacterial primer pair (8F and 1541R), under conditions described previously. 
16S rRNA gene clone libraries of both bacterial isolates were constructed by using the 
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TOPO-TA cloning kit (Invitrogen, Carlsbad, CA, USA) as previously described (Löffler 
et al., 2000; He et al., 2003a). The concentrations of purified plasmid DNA were 
analyzed using Nanodrop-1000 (NanoDrop Technologies Inc, Wilmington, DE, USA). 
Following that, the plasmid DNA was subjected to restriction fragment length 
polymorphism analysis using restriction endonucleases HhaI and MspI (NEB, Ipswich, 
MA,USA). 16S rRNA gene inserts with distinct restriction paterns were then sent for 
sequencing with sequencing primers - M13F-20, M13R-24, 533F, 529R and 907F. 
Sequences were aligned using BioEdit assembly software and compared with existing 
16S rRNA gene databases using BLASTN. 
 
5.3.6 T-RFLP and DGGE  
Terminal restriction fragment length polymorphism (T-RFLP) analysis was 
performed as described previously (Liu et al., 1997). The amplified fragments by 
universal primers (8F and 1541R, 8F labeled with fluorescent dye Cy5) were digested 
with the restriction endonucleases Hha I, Msp I, Rsa I (NEB, USA) at 37 ºC for 2 hours 
and deactivated at 65 ºC for 10 min according to the manufacturer‘s recommendations.  
Analysis of 16S rRNA gene-based T-RFLP was carried out with Beckman Coulter (CEQ 
8000 automated sequencer, Beckman Coulter, US). Denaturing gradient gel 
electrophoresis (DGGE) analysis was performed as previously described in chapter 4. 
 
5.3.7 Quantitative PCR  
Quantitative PCR (qPCR) was conducted on an ABI 7500 fast quantitative real-
time PCR (AppliedBiosystems) by using QuantiTect SYBR Green PCR Kit (Qiagen, 
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Valencia, CA) with a 20 μL reaction volume in accordance to the manufacturer‘s 
instructions.  Dehalococcoides and Acetobacterium genus specific primers were used to 
quantify the 16s rRNA gene copies of the respective bacteria groups. To enumerate the 
cell numbers in a coculture containing strains ANAS2 and IS, primers targeting the genes 
specific for only one strain - vcrA (represents ANAS2) and dceA1 (represents IS) gene 
were utilized on the coculture (Lee et al., 2006; Chow et al., 2010). The thermocycling 
program was as follows: initial denaturation for 10 min at 94°C; 45 cycles of 
denaturation at 94°C for 30 s, annealing at 60°C for 30 s, and extension at 72°C for 30 s; 
and a final melting curve analysis from 72 to 95°C. Melting curve analyses were 
performed to check the specificity of the qPCR reactions. The standard curves were 
constructed by dilution series (10-fold) of known concentrations of plasmid DNA 








5.4.1 Enrichment of a dehalogenating culture and investigation of its hydrogen 
production under hydrogen limiting conditions. 
Enrichment culture U7 was derived from C-T-7 (Lee & He, 2010), a microcosm 
that was established with soil from an e-waste recycling site highly contaminated with 
PBDEs. Culture U7 was initially cultivated with lactate as carbon source and a technical 
octa-BDE mixture (dissolved in TCE) as the electron acceptors. With TCE as the carrier 
solvent for PBDEs, concomitant dehalogenation of both compounds was observed after 3 
weeks of incubation. Congeners in the technical octa-BDE mixture (consisting of hexa- 
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through nona-BDEs) were debrominated to unidentified tetra- and tri-BDE congeners 
while TCE was dechlorinated predominantly to trans-DCE as the dechlorination end 
product.  Since TCE may potentially act as energy-generating electron acceptors, culture 
U7 was also tested on its ability to debrominate the octa-BDE mixture that is dissolved in 
nonane (carrier solvent). However, this resulted in the absence of debromination activity,  
suggesting that the TCE dechlorination process might have facilitated the debromination 
of PBDEs.  Interestingly, culture U7 also showed the ability to debrominate another 
brominated compound, 2,4,6-tribromophenol (2,4,6-TBP), generating 
monobromophenols after two months incubation (data not shown). In contrast to PBDEs, 
debromination was observed without the addition of TCE, suggesting that debromination 
might have occurred metabolically. 
To enrich for the dehalogenating populations, lactate, which acted as a source of 
carbon and electron donor, was replaced by acetate (10mM) and hydrogen (500,000 
ppmv). Continued enrichment (21 transfers, 2% vol/vol) of the acetate/H2 amended 
culture via serial-dilution-to-extinction resulted in a stable, highly enriched culture 
exhibiting similar PBDE, TCE and 2,4,6-TBP dehalogenation profiles as the initial 
enrichment stages. Terminal restriction fragment length polymorphism (T-RFLP), 
revealed the presence of 3 dominant populations - Dehalococcoides (HhaI, 202; MspI, 
517 and RsaI, 445) and Acetobacterium (HhaI, 379; MspI, 226 and RsaI, 471) and 
Desulfovibrio (HhaI, 91; MspI, 504 and RsaI, 485).   
When hydrogen was not added to the highly enriched cultures, dehalogenation of 
PBDEs and TCE were still observed, albeit at a slower rate than the normal hydrogen 
amended cultures.  Dehalococcoides growth was confirmed by the positive 
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Dehalococcoides signals obtained when the genomic DNA of the hydrogen-limiting 
cultures were targeted with genus-specific Dehalococcoides primers. Since 
Dehalococcoides are hydrogenotrophs, it is possible that the non-Dehalococcoides 
members of the culture produced hydrogen via acetate oxidation in order to support 
Dehalococcoides growth. To enrich for microorganisms with such capabilities, 
subsequent transfers were conducted without the amendment of halogenated electron 
acceptors (PBDEs and TCE). After 5 transfers (2 % vol/vol) without PBDE/TCE 
amendment, Dehalococcoides was no longer detected, as confirmed by the negative 
signals obtained when the genomic DNA (extracted after 3 weeks incubation) of the 
culture was targeted with Dehalococcoides genus specific primers. When quantitative 
PCR (qPCR) analysis was performed on the same sample with Eubacterial and 
Acetobacterium 16S rRNA gene-targeted primers, it was found that the total bacterial cell 




) almost equaled the total 




). However, DGGE analysis 
revealed that Desulfovibrio cells were still present in the Acetobacterium-dominated 
culture (Figure 5.1, C). The Acetobacterium-dominated coculture, designated as AD, 
failed to grow without hydrogen amendment, as verified by the absence of a PCR product 
when the genomic DNA of culture AD was targeted with universal eubacterial 16S rRNA 
primers (data not shown). This suggests that members of culture AD were not involved in 
the production of hydrogen which supported Dehalococcoides growth. However, the 
possibility of syntrophic hydrogen production cannot be excluded. Culture AD was also 
unable to dehalogenate PBDEs and TCE with or without hydrogen, indicating the 




Figure 5.1 DGGE profile of culture U7 at various stages of enrichment. A. Profile of 
culture U7 after colony picking stage. Single band represents Dehalococcoides sp. strain 
IS.  B. Dehalococcoides sp. strain MB (positive control). C. Profile of culture U7 after 
Dehalococcoides successfully diluted out (Culture AD). Bands represent Acetobacterium 
and Desulfovibrio sp. 
 
Efforts were then directed towards the isolation of the Dehalococcoides species 
from the Dehalococcoides containing culture U7, in order to obtain direct evidence of 
their role in the dehalogenation of PBDEs and TCE and subsequently, to investigate their 
interactions with other member(s) (Desulfovibrio or Acetobacterium) of the enrichment 





5.4.2 Isolation of Dehalococcoides species from culture U7  
To further enrich for Dehalococcoides species, the antibiotics ampicillin (50 µg 
ml
-1
) was added to 3 consecutive dilution-to-extinction series on the Dehalococcoides-
containing culture U7 (culture U7 prior to transfers without halogenated compound 
amendment). The highest dilution from the third series exhibiting dehalogenation activity 
were then cultivated in deep agarose shakes. After ~ 2 months, individual colonies from 
the agarose shakes were transferred back into acetate amended liquid medium 
supplemented with H2 and PBDEs/TCE. Dehalogenation activity was observed in the 
liquid cultures within 3 weeks, after which microscopic examination revealed 
homogeneous cells of coccoid morphology. When the picked colonies were subcultured 
either in lactate or pyruvate, there was no growth/TCE dechlorination, thus suggesting 
that the community of culture U7 now consisted only of members from the 
Dehalococcoides genus. This was further verified by DGGE results, which revealed the 
presence of a single band that corresponded to the Dehalococcoides species (Figure 5.1, 
A & B).  To obtain phylogenetic insights on the culture, a 16S rRNA gene clone library 
was constructed. Sequencing of representative clones revealed that the clones had 
identical 16S rRNA gene sequences and they share 100% sequence identity with 
Dehalococcoides strains (strains 195, MB, ANAS1 and ANAS2) affliated with the 
Cornell subgroup. To confirm/complement the DGGE and clone library results, the 
culture was probed for the presence of DET0088, a putative reductive dehalogenase 
present in all known Cornell-subgroup affliated Dehalococcoides strains to date (Lee et 
al., 2011; Seshadri et al., 2005; Chow et al., 2010). Quantitative PCR analysis with 
primers targeting the eubacterial 16S rRNA gene, Dehalococcoides 16S rRNA gene and 
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DET0088 gene in cultures grown with TCE and 2,4,6-TBP showed almost identical copy 
numbers for the three targeted genes (Figure 5.2).  
 
Figure 5.2 Enumeration of eubacterial 16S rRNA gene (Eub), Dehalococcoides 
16S rRNA gene (Dhc) and DET0088 gene copies in TCE and 2,4,6-TBP fed 
cultures.  
 
Collectively, these results confirmed that other non-Dehalococcoides members of 
culture U7 has been successfully diluted out and that the identity of the new isolate could 
either be that of strains MB, 195, ANAS1, ANAS2 or a novel Dehalococcoides strain.  
The presence of strains 195, ANAS1 and ANAS2 in culture U7 could be excluded given 
their distinctly different TCE dechlorination pathways (Maymó-Gatell et al., 1997; Lee et 
al., 2011).  Although strain MB shares a similar TCE dechlorination pathway with the 
new strain, they vary in terms of the ratios of trans- to cis-DCE produced (Figure 5.3 & 









, new isolate). Additionally, strain MB was found to be unable to debrominate 
2,4,6-TBP whether with or without the additional amendment of TCE (data not shown) 
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even after an extended incubation period of two months. Contrastingly, the new isolate 
was found to debrominate 2,4,6-TBP to monobromophenols, possibly in a metabolic 
process (Figure 5.5 & 5.6).  Additionally, the PBDE debromination profile of strain MB 
also differed from that observed with the new isolate. While strain MB debrominated 
congeners in the octa-BDE mixture to penta- and tetra-BDEs (Cheng and He, 2009), the 
new isolate did not produce any penta-BDE congeners, but instead generated tetra- and 
tri-BDEs (Figure 5.7) as end products.    Apart from these physiological differences, both 
strains also differed genotypically – only 11 out of the 22 putative genes found in strain 
MB were detected in this culture (Table 5.1). 
Table 5.1 Screening of strain IS for putative genes found in strain 195, MB and CBDB1.  
 
Putative Genes Strain MB Strain IS 
dceA1   (putative RDase) Yes Yes 
dceA6   (mbrA gene) Yes No 
dceA4   (putative RDase) Yes Yes 
cbdbA80   (putative RDase) Yes No 
cbdbA88   (putative RDase) Yes No 
DET0088   (RDase domain-containing protein) Yes Yes 
DET0173   (putative RDase) Yes Yes 
DET0175   (putative RDase anchoring protein) Yes Yes 
DET0180   (putative RDase) Yes Yes 
DET0236   (putative RDase anchoring protein) Yes Yes 
DET0302   (putative RDase) Yes No 
DET0303   (putative RDase anchoring protein) Yes No 
DET1337   (hypothetical protein) Yes Yes 
DET1338   (DNA binding protein) Yes Yes 
DET1519   (putative RDase) Yes No 
DET1521   (putative RDase anchoring protein) Yes No 
DET1527   (putative RDase anchoring protein) Yes No 
DET1528   (putative RDase) Yes No 
DET1534   (putative RDase anchoring protein) Yes No 
DET1535   (putative RDase) Yes No 
DET1544   (putative RDase anchoring protein) Yes Yes 




Notably, mbrA gene (dceA6), the functional reductive dehalogenase implicated in 
the production of trans-DCE by strain MB (Chow et al., 2010), was not detected. Also 
notable is the absence of putative RDase  DET1535, a chimera, since it is present in 
almost all/most Dehalococcoides strains identified to date (Cheng & He, 2009).   
Collectively, these results confirmed the purity of this culture and demonstrate that it is a 
novel Dehalococcoides strain that has not been isolated/described before.   
5.4.3 Characterization of Dehalococcoides strain IS  
The new isolate, designated Dehalococcoides sp. strain IS, grows optimally under 
anaerobic conditions at pH ranges of 7.2 to 7.3 and temperature of (30 ± 1°C). Exposure 
to oxygen resulted in the absence of growth. Typical of Dehalococcoides species, isolate 
IS requires acetate as carbon source and hydrogen as electron donor for growth and 
dehalogenation to occur. When grown in acetate/H2 with TCE as electron acceptor, strain 
IS showed a doubling time of ~ 39 hrs, which aligns with that observed for other known 
Dehalococcoides (19 to 58 hrs) isolates (He et al., 2005). Dehalococcoides sp. strain IS 
was unable to utilize formate, methanol, ethanol, glucose, succinate, propionate, 
fumarate, malate, glutamate, pyruvate, lactate, butanol and glycerol for growth/as carbon 
source. Autotrophic growth was not observed under the conditions tested.  Other non-
halogenated electron acceptors such as sulphate, sulphite, nitrate or nitrite failed to 
support the growth of strain IS. 
5.4.4 Dehalogenation of PBDEs, TCE and 2,4,6-TBP by strain IS 
As the functional microorganism in culture U7, Dehalococcoides sp. strain IS was 
found to be capable of dehalogenating multiple halogenated compounds, namely  TCE, 
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octa-BDE mixture and 2,4,6-tribromophenol.  Up to 410 µM of TCE was dechlorinated 




, resulting in the generation of  near 
stoichiometric amounts of trans- (~280 µM ) and cis-DCE (~110 µM ) within 20 days 









 with TCE as electron acceptor, confirming that TCE 
dechlorination is coupled to cell growth (Figure 5.4). The molar growth yield was 
estimated to be 1.19 × 10
14
 cells per mole of chlorine released. No growth was observed 
in the absence of either TCE or hydrogen in the growth medium. The average ratio of 
trans- to cis-DCE was estimated to be 2.44 (±0.17):1, which is lower as compared the 
ratio exihibited by strain MB (7.3 (±0.4):1) and CBDB1 (3.4(±0.2):1) (Cheng & He, 













Figure 5.3 TCE dechlorination profile of Dehalococcoides sp. strain IS when fed with 
acetate and H2. Error bars represent standard deviations of triplicate cultures. 
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Figure 5.4 Cell growth of strain IS with TCE as electron acceptor. Error bars represent 
standard deviations of triplicate cultures. 
 
Isolate IS was also found to metabolically debrominate 2,4,6-TBP, an aromatic 
brominated compound which is structurally similar to PBDEs (Figure 5.5 & 5.6). 2,4,6-
TBP was initially ortho- and para-debrominated to 2,4-dibromophenol and 2,6-
dibromophenol, which act as transient debromination products. Subsequently, the 
dibromophenols were debrominated to form to 2-monobromophenol (2-BP) and 4-
monobromophenol (4-BP).  This debromination pattern was consistently observed in 
repeated experiments even after 10 transfers in 2,4,6-TBP, ruling out the possibility of 
growth supported by residual TCE.  Debromination of 2,4,6-TBP occurred metabolically, 









 within the experimental period of 28 days (Figure 5.6). The molar growth 
yield was estimated to be 2.90 × 10
14
 cells per mole of bromine released.  No growth was 
observed for strain IS without the addition of tribromophenol, as well as in uinnoculated 
or autoclaved control bottles.   
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Figure 5.5 Tribromophenol debromination profile of Dehalococcoides sp. strain IS when 
fed with acetate and H2. Error bars represent standard deviations of triplicate cultures. 

















Figure 5.6 Cell growth of strain IS with TBP as electron acceptor. Error bars represent 
standard deviations of triplicate cultures. 
 
Time (days)









































In contrast to the metabolic dehalogenation of both TCE and 2,4,6-TBP, the 
presence of TCE was required for the debromination of octa-BDE mixture.   Following 
18 days of incubation with octa-BDE mixture (TCE as carrier solvent) amendment, 191 
nM (66% removal) and 11 nM (53% removal) of hepta-BDE (congener 183) and hexa-
BDE (congener 153) were debrominated (Figure 5.7).  Debromination of congeners 183 
and 153 proceeded at average debromination rates of 10.6 nM day
-1
 and 0.62 nM day
-1
 
respectively, generating ~ 200 nM of tetra- and 10 nM of tri-BDEs (Figure 5.8).  Since 
there are 42 and 24 possible isomers for tetra- and tri-BDEs respectively, a 
positive/specific identification of the generated PBDE congeners was not possible.  
However, in contrast to previous Dehalococcoides isolates, there was no generation of 
highly toxic PBDE congeners such as congeners 47, 99 and 100 (He et al., 2006); 
(Robrock et al., 2008) as end products. No debromination was observed for the other 
octa- (congeners 196, 197, 203) and nona-BDEs (congener 207) even after an extended 















































Figure 5.7 Octa-BDE mixture debromination profile of Dehalococcoides sp. strain IS 













Figure 5.8 Products generated from octa-BDE mixture debromination by 
Dehalococcoides sp. strain IS when fed with acetate and H2. Error bars represent standard 
deviations of triplicate cultures. 
5.4.5 Syntrophic association between Dehalococcoides and an Acetobacterium 
mixed culture 
To elucidate the relationship between strain IS and an Acetobacterium dominated 
mixed culture (culture AD) under H2 limiting conditions, both cultures (2 % v/v each) 
were co-inoculated into the same medium amended with acetate and TCE but not with 
hydrogen.  Additionally, two sets of controls, each consisting of individually-grown 
strain IS or culture AD were also established under similar conditions as the 
abovementioned coculture.  Inoculation sources were obtained from H2-starved cultures.    
Since Acetobacterium is the dominant population in culture AD, its growth was tracked 
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and used to represent the growth of culture AD.  The growth of both Dehalococcoides 
and Acetobacterium was monitored by species-specific 16S rRNA gene qPCR of DNA 
samples extracted throughout the experimental period.   
  When grown individually, neither growth nor TCE dechlorination was observed 
for both the Dehalococcoides and culture AD/Acetobacterium controls under hydrogen 
limiting conditions (Figure 5.9).  Additionally, hydrogen was not detected in the culture 
bottles on week zero and week 20 of incubation while no acetate degradation was 
observed within the same period.  However, when cocultivated together, 
Dehalococcoides cell numbers increased by a factor of 12 within 16 weeks while 
Acetobacterium cell density in the coculture decreased initially, but increased 3.2 folds 
from week 6 to week 16 of incubation.  To exclude the possibility that growth is due to 
carry over of hydrogen from the inoculum source, the abovementioned coculture was 
further transferred (2 % v/v) to a fresh medium with the same growth conditions.  Growth 
was still observed in the transferred culture,  Dehalococcoides cell density increased by a 








 (week 12) while 
Acetobacterium cell numbers in the coculture decreased initially, but increased ~ 4 folds 








 from week 6 to week 20 of incubation (Figure 
5.10). Additionally, nearly 50 µM of the spiked TCE (450 µM) was dechlorinated to 29 
µM and 14 µM of trans- and cis-DCE respectively after 20 weeks. Up to 7.9 ppmV (6.12 
nM) of hydrogen was detected in the transferred culture. All the above observations 
indicate that when cocultivated together, the interaction between strain IS and culture AD 














Figure 5.9 Cell growth of individually grown strain IS and Acetobacterium sp. without 












Figure 5.10 Cell growth of strain IS and Acetobacterium sp. when cocultivated together 
without hydrogen amendment 
 
To identify the microorganism responsible for hydrogen generation, two controls 
were established. Both controls consisted of culture AD (Acetobacterium sp.)  and they 
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were each cocultivated with either strain MB or ANAS2 under similar conditions as the 
abovementioned experiments. The pure Dehalococcoides strains (MB and ANAS2) were 
monitored using Dehalococcoides genus specific primers. No growth was observed for 
strain MB, strain ANAS2 or Acetobacterium even after 20 weeks, as confirmed by qPCR 
(Figure 5.11) and microscopic analysis.  Additionally, TCE dechlorination was not 
observed for both controls.  Hydrogen was not detected on week zero and week 20 of 
incubation while no acetate degradation was observed within the same period.  All these 
observations suggest that strain IS might be the functional microorganism responsible for 
the generation of hydrogen. To further confirm this postulation, strain IS was cocultivated 











Figure 5.11 Cell growth of strains MB and ANAS2 in two sets of controls, consisting of 
either MB+Acetobacterium sp. or ANAS2 + Acetobacterium sp.. 
After 8 weeks, IS cell numbers, measured as dceA1 gene copies, increased ~ 20 








, while ANAS2 cell numbers, measured as 
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5.12). Dechlorination of TCE (~450 µM added) by this coculture resulted in the 
generation of  20 µM of ethene, 18 µM of vinyl chloride, 13 µM of cis-DCE and 5.1 µM 
trans-DCE.  The detection of dechlorination products such as ethene and vinyl chloride 
and more cis-DCE compared to trans-DCE (trans/cis-DCE ratio ~ 0.4:1), which are 
typical dechlorination traits of strain ANAS2, indicated that strain ANAS2 grew 
successfully and played a role in dechlorination.  Hydrogen was not detected on week 0 
of incubation while ~ 9 ppmV (0.9 pa, 7.09 nM) of hydrogen was detected on week 20.  
Only ~ 7 ± 0.3 mM out of the 10 mM of acetate added remained at week 20 of 
incubation.  Collectively, the results indicate that strain IS supported its own growth as 
well as that of Acetobacterium and strain ANAS2 by providing hydrogen through the 


























































5.5 Discussion  
5.5.1 Dehalogenation capabilities  
Despite being versatile in the range of electron acceptors utilized, every 
Dehalococcoides strain isolated thus far only respire on chlorinated compounds 
(Maphosa et al., 2010; Taş et al., 2010).  Isolate IS represents the first Dehalococcoides 
strain capable of metabolic utilization of a brominated electron acceptor – up to 100 µM 
of 2,4,6-tribromophenol was debrominated within 28 days, coupled to a 105-fold increase 
in cell numbers.  While the debromination of 2,4,6-TBP by bacterial isolates was 
previously observed,  Desulfovibrio sp. TBP-1 is the only pure culture, other than strain 
IS, which was shown to couple its own growth to the reductive debromination of 2,4,6-
TBP (Boyle et al., 1999). However, different final end products were generated by strains 
IS and TBP-1 – phenol was the final end product of strain TBP-1 while 2-BP and 4-BP 
were the final end products of strain IS. As the first Dehalococcoides strain capable of 
metabolic utilization of a brominated electron acceptor, the isolation of strain IS extends 
the range of electron acceptor utilizable by this fastidious group of bacteria.  
Strain IS was also found to debrominate congeners (predominantly hepta- and 
hexa-BDEs) in the technical octa-BDE mixture to generate tetra and tri- BDEs. Although 
debromination occured cometabolically (i.e. only when TCE was added), the 
debromination observed was significantly faster and more extensive than other 
Dehalococcoides cultures (pure and mixed cultures) to date (Robrock et al., 2008; He et 
al., 2006). Importantly, in contrast to previous Dehalococcoides isolate, highly toxic 
congeners such as congeners 47, 99 and 100 were not generated as the debromination end 
product. This diversity in debromination products generated suggests the existence of a 
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much wider range of PBDE debromination pathways and end products by 
Dehalococcoides.    
Strain IS also dechlorinates ~ 410 µM of TCE to generate trans-DCE 




. In addition to confirming the 
microbial production of trans-DCE as major end products, the isolation of strain IS along 
with strains MB and CBDB1, demonstrates the pervasiveness of trans-DCE producing 
microorganisms in the natural environment. This is because each isolate were obtained 
from different continents, namely, North America (strain MB), Europe (strain CBDB1) 
and Asia (strain IS) (Cheng and He, 2009; Adrian et al., 1998). Additionally, these strains 
exhibited different trans- to cis-DCE ratios and dechlorination rates, possibly 
contributing to the different DCE ratios observed in various contaminated sites (Marco-
Urrea et al., 2011; Cheng & He, 2009; Lee & He, 2010)  Despite the functional similarity 
between strain MB and strain IS, their vastly different genetic makeup of RDases suggest 
the existence of a different set of RDases catalyzing the dechlorination process in strain 
IS.  For example, the absence in strain IS, of the mbrA gene, which was identified to be 
the functional RDase responsible for catalyzing the generation of trans-DCE in strain 
MB, suggest that trans-DCE production by strain IS was mediated by a different set of 
gene(s).  Such diversity could have contributed to the different amounts of trans-DCE 
produced among trans-DCE producers and different DCE isomer ratios observed in 
chloroethene contaminated sites. In all, the isolation of strain IS will allow for 
comparative genomics studies, to gain a deeper understanding on the unique TCE and 




5.5.2 Syntrophic interactions 
In the natural environment, Dehalococcoides species typically depend on other 
members of the microbial community for hydrogen, via the fermentation of more 
complex substrates.  Our findings demonstrated the growth of hydrogenotrophs in 
cultures unamended with hydrogen, possibly supported by hydrogen generated from the 
oxidation of acetate.  Such growth was observed when strain IS was cocultivated with 
other hydrogentrophic microorganisms, suggesting that the acetate oxidation process 
occurred syntrophically.  Because the acetate oxidation process is thermodynamically 
favourable only at low H2 partial pressures, it is possible that strain IS was dependent on 
hydrogen scavenging partner(s) to maintain the H2 partial pressure at a low level.  
Syntrophic interactions are rarely reported, especially in dehalogenating 
communities, because the isolation of syntrophic bacteria is challenging due to their 
mutual dependence and slow growth.  Thus far, only 5 syntrophic acetate oxidizers were 
isolated in pure culture, and they were all found to be in syntrophic association with a 
hydrogenotrophic methanogen.  Although hydrogenotrophic dehalorespiring bacteria 
(e.g. Dehalococcoides and Dehalobacter) have been suggested to syntrophically interact 
with acetate oxidizing bacteria in contaminated environments, representative isolates 
which confirm this interaction has remained elusive.  The syntrophic interaction between 
strain IS and Acetobacterium sp. that was observed in this study might have also occurred 
in nature (e.g. contaminated site in Guiyu, China) since they originated from the same 
inoculum source.  Understanding how populations within microbial communities interact 
syntrophically, and metabolize contaminants, is key to predicting contaminant fate at 
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sites undergoing intrinsic bioremediation and optimizing engineered bioremediation 
approaches.  
Dehalorespiring bacteria (e.g. Dehalococcoides and Dehalobacter) are able to 
consume H2 at a low levels (< 0.3 nM) (Löffler et al., 1999), hence, it is likely that they 
are able to outcompete methanogens, sulfidogens and acetogens in growth under 
hydrogen limiting conditions.  This was exemplified in our syntrophic cultures, in which 
the slow release of H2 by strain IS resulted in faster growth for dechlorinating bacteria 
ANAS2 (Figure 5.12) as compared to acetogen Acetobacterium sp. (Figure 5.10).  It is 
expected that the slow release of hydrogen by strain IS could provide a competitive 
advantage to hydrogentrophic dechlorinators (e.g., Dehalococcoides), enabling them to 
thrive in contaminated sites.  The ability of strain IS to facilitate the growth of its 
syntrophic partner (Figures 5.10 & 5.12), bodes well for bioaugmentation applications 
with other hydrogenotrophic dehalorespiring bacteria. For example, the pairing of strain 
IS with other trans-DCE utilizing Dehalococcoides strains (e.g. strains BAV1 & VT) 
could in principle, enable complete and efficient detoxification of chloroethenes via the 
sole addition of acetate.  Given its unique capability, it is possible that strain IS-like 
microorganism could serve as a bioindicator to predict and monitor natural recovery in 
contaminated sites undergoing intrinsic bioremediation. This sustainable and low-energy 
approach, which relies on the self-attenuating capabilities of the contaminated soil, may 
lead to savings in bioremediation cost and lesser impacts to the environment. However, 
further optimization to increase the growth and dechlorination rates is necessary as the 
current rates in this study are not feasible for bioremediation applications.  
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In summary, the findings represent an advance in the study of Dehalococcoides 
metabolism, based on its ability to oxidize acetate syntrophically and dehalogenate under 
such an energy-stressed lifestyle.  Current Dehalococcoides genome sequences and 
annotations did not reveal the presence of genes encoding the key enzymes of 
dissimilatory acetate oxidation pathways (e.g. tricarboxylic acid cycle or the 
Wood/Ljungdahl acetyl-CoA pathway) (Seshadri et al., 2005; Kube et al., 2005).  Our 
observation of hydrogen production by Dehalococcoides sp strain IS under hydrogen 
limiting conditions might be just one of the myriad of survival strategies that 
microorganisms have evolved to adapt to such harsh conditions.  Further studies are 
warranted to understand the key biochemical aspects of dehalogenation under 















 This doctoral study was initiated to investigate the microbial debromination of 
PBDEs by anaerobic microorganisms. A microcosm study was initially conducted to 
screen for microorganisms with novel dehalogenating capabilities. Microcosms showing 
promising and novel capabilities were selectively enriched and subjected to detailed 
investigation in order to gain insights into this relatively new area of research. The key 
conclusions made in each section of this doctoral study are listed below. 
 
1) PBDE debrominating microbes are widespread across various regions and 
different climatic zones.  
 
2)  The prevalence of PBDE-debrominating Dehalococcoides species (e.g. in the 
microcosm study of chapter 3 and in the coculture described in chapter 4) 
suggests that they are an important group of bacteria which likely play a 
significant role in PBDE debromination in the natural environment. 
 
3)  Debromination of the octa-BDE mixture by the microcosms and coculture GY2 
occurs in the absence of more readily utilizable electron acceptors (TCE), 
suggesting that microbial-mediated debromination may occur more easily in the 
natural environment than previously thought. 
 
4) Highly toxic penta- and tetra- BDEs constitute the major homolog group of 
debromination products in the studied microcosms.  This suggest that it is 
possible that higher brominated congeners present in mixtures such as octa- and 
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deca- BDE mixtures are converted by widespread soil microorganisms in the 
environment to more toxic PBDEs. 
 
5) A coculture capable of rapidly debrominating congeners 47, 99 and 100 to the 
less toxic, non-brominated end product diphenyl ether has been successfully 
cultivated, representing the first demonstration of complete removal of 
bromines from the most environmentally abundant and toxic PBDE congeners 
(congeners 47, 99, and 100).  
 
6) The proposed PBDE debromination pathway involving the preferential removal 
of ortho substituted bromines has not been reported previously and offers new 
insights into the environmental fate of congeners 47, 99 and 100. 
 
7) The complete debromination of PBDEs to the non-brominated diphenyl ether 
by coculture GY2 is a crucial step for the detoxification of PBDEs since 
diphenyl ether possesses much lower toxicity than PBDEs and can be further 
degraded under aerobic conditions. 
 
8) Biotic processes, specifically anaerobic microbial debromination, can contribute 
to the detoxification of these highly toxic congeners in nature, and thus is 




9) Isolation of Dehalococcoides sp. strain IS extends the metabolic range of this 
highly specialized bacteria, since it is the first Dehalococcoides strain capable 
of metabolic debromination of a brominated compound 2,4,6-tribromophenol. 
 
10) Strain IS also dechlorinates TCE predominantly to trans-DCE, with a trans-
/cis-DCE ratio of 2.44 (±0.17):1, representing the third Dehalococcoides strain 
shown to generate trans-DCE as the predominant TCE dechlorination end 
product. 
 
11) The investigation of strain IS‘s capability to survive under hydrogen-limiting 
conditions led to  new physiological insights on Dehalococcoides, e.g., strain IS 
interacted syntrophically with other hydrogen scavenging partners (strain 
ANAS2 or Acetobacterium sp.) to oxidize acetate for hydrogen production. 
 
12) The slow release of hydrogen by strain IS could potentially provide a 
competitive advantage to hydrogentrophic dehalorespiring bacteria (e.g., 
Dehalococcoides amd Dehalobacter), enabling them to thrive in contaminated 
sites. 
  
In summary, the investigations of microcosms obtained from contaminated sites 
have culminated in the discovery of microorganisms with novel metabolic capabilities. 
New insights on novel PBDE debromination pathways and the environmental fate of 
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PBDEs were also obtained.  The findings presented in this doctoral study will serve as a 
platform to aid future research on microbial reductive debromination of PBDEs.   
 
6.2 Recommendations 
Several aspects in this doctoral study have been identified for further clarification via  
continued research. In particular, more in-depth understanding of the mechanisms of the 
novel processes observed and the physiological, metabolic and genetic traits of the 
cultures is warranted. Specifically, the areas that warrant future research include: 
 
6.2.1 Microbial dehalogenation of other halogenated compounds by culture GY2 
and strain IS  
Although this doctoral study focused on microbial debromination of PBDEs, the 
cultures presented in this study (e.g. culture GY2 and strain IS) were also found to 
dehalogenate compounds other than PBDEs (e.g. bromophenols, chlorophenols, 
polychlorinated biphenyls).  However, the metabolic range of the cultures in this study 
has not been fully explored, primarily due to the scope of this study, which is on PBDEs 
and also other limitations (e.g. challenging detection methods and lack 
ofinstrumentation). The microorganisms obtained from highly contaminated 
environments typically contain multiple types of halogenated compounds, and thus might 
have acquired necessary genes enabling them to metabolize multiple compounds for their 
survival under such conditions. Therefore, it is highly desirable to examine the potential 
capabilities of these microorganisms on other halogenated compounds.  For example, 
compounds which are structurally similar to PBDEs such as methoxylated and 
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hydroxylated polybrominated diphenyl ethers, polybrominated bipheynls, 
polybrominated dibenzofurans and dibenzo-p-dioxins should be tested on the novel 
cultures obtained from this study.  
 
6.2.2 Cocultivation of culture GY2 with other dehalogenating cultures   
In this dissertation, a preliminary study was conducted by co-cultivating culture 
GY2 with an octa-BDE debrominating mixed culture C-N-7 (Figure 4.7), resulting in the 
debromination of some congeners in the octa-BDE mixture to diphenyl ether. However, 
the inability of mixed culture C-N-7 to completely debrominate all congeners in the octa-
BDE mixture resulted in the accumulation of some congeners in the mixture.  
Therefore, screening of more microcosms from various contaminated sites may be 
beneficial for discovering microoganisms that are capable of complete debromination of 
the octa- and deca-BDE mixtures to penta- and tetra-BDEs. The penta- and tetra-BDEs 
could then be further debrominated to diphenyl ether, enabling the detoxification of 
higher brominated PBDE congeners (e.g. octa- and deca-BDE mixtures) that are still 
being used. Additionally, future research can also focus on the investigation of a 
sequential anaerobic-aerobic treatment processes. For example, PBDE congeners  47, 99 
& 100 can first be debrominated by culture GY2 to diphenyl ether, and subsequently be 
further degraded by aerobic microorganisms (e.g. Sphingomonas sp. strain SS3) or fungi 
(Figure 6.1) (Schmidt et al., 1993).    Sequential anaerobic-aerobic degradation processes 
have been previously shown to completely detoxify contaminants such as polychlorinated 
biphenyls (PCBs), nitrobenzenes and tetrabromobisphenol A (Dickel et al., 1993; Master 
et al., 2001; Rodrigues et al., 2006; Ronen & Abeliovich, 2000). The successful 
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implementation of such treatment processes will offer very promising solutions to restore 
environments contaminated with PBDEs. 
 
Figure 6.1 Proposed pathway for the degradation of diphenyl ether by Sphingomonas 
sp. strain SS3. TCC, tricarboxylic acid cycle. (Schmidt et al.,1992) 
 
6.2.3 Isolation of different strains in coculture GY2 and and whole genome 
sequencing  
To confirm the specific roles of each species (Dehalococcoides and 
Desulfovibrio) in coculture GY2, future efforts should be focused on obtaining the pure 
isolates of these microorganisms.  This is particularly important given the wide substrate 
utilization range exhibited by the coculture GY2. Obtaining isolates will facilitate the 
characterization of the metabolic capabilities of each species and further investigation of 
their possible interspecies interactions, which might have contributed to the unique 
dehalogenation capabilities observed.  Apart from culture GY2, the investigation of the 
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mechanisms employed by strain IS for hydrogen production is also clearly warranted, 
because identified members of Dehalococcoides are previously not known to possess 
such capabilities. Such novel findings should be carefully investigated in order to gain a 
better understanding on the mechanisms involved.   
To achieve these goals, whole genome sequencing of the isolates is warranted. 
The nucleotide sequence information of the isolated microbe will provide vital insights at 
a genetic level and might subsequently aid in the design of experiments to better 
understand the mechanisms underlying the novel processes (e.g. dehalogenation of 
various compounds and hydrogen production by Dehalococcoides) observed. 
Additionally, such genetic information will facilitate efforts in identifying the reductive 
dehalogenases responsible for catalyzing the observed dehalogenation processes.  Finally, 
comparative genome analysis combined with culture-based experimentation and 
expression analysis can be carried out between Dehalococcoides strains 195, MB, 
CBDB1 and IS, to investigate the metabolic pathways involved in the generation of 
different trans- to cis-DCE ratios between these strains. In summary, the genome 
sequence should contribute to the fundamental understanding of the ecology and biology 
of the isolates. 
 
6.2.4 Investigation of microbial interactions of cultures in this study 
Key to the successful impletmentation of bioremediation strategies for the cleanup 
of contaminated sites is the realization that microbes do not live in isolation but in 
communities. Therefore, understanding how microbes interact and communicate with 
each other in complex communities is of paramount importance. However, linking 
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phylogenetic information to function of microorganisms in complex environmental 
communities is a key challenge in microbial ecology. In this study (chapter 5), a 
reconstructed coculture was found to be capable of surviving in the absence of added 
hydrogen, even though all members of the coculture are known hydrogenotrophs. 
Quantititative assessment on the growth of members in the coculture demonstrated the 
syntrophic production of hydrogen by Dehalococcoides sp. strain IS.  However, the 
underlying mechanisms for the syntrophic production of hydrogen by Dehalococcoides 
remain unknown. A preliminary screen with a functional gene array (FGA) of the 
possible gene candidates for the novel processes may provide vital insights on hydrogen 
production by Dehalococcoides.  The FGA Geochip 4.0 contains 120,054 probes, 
covering 200,393 genes involved in amino acid synthesis and metabolism, central carbon 
metabolism, fatty acid biosynthesis and metabolism, cofactor biosynthesis, nitrogen 
metabolism, nucleotide metabolism and respiration, therefore making it a suitable array 
for our purpose (He et al., 2011). Geochip 4.0 may be also useful to understand the 
possible interactions between Dehalococcoides and Desulfovibrio in coculture GY2 
which allow it to dehalogenate such a wide range of halogenated compounds and to 
rapidly debrominate penta- and tetra-BDEs to diphenyl ether.  Additionally, strain IS 
could also be screened using a whole genome array (WGA) with probes designed to 
cover > 99% of the predicted protein-coding sequences of the Dehalococcoides strain 195 
genome (West et al., 2008). The distinctly different physiological traits but identical 16S 
rRNA gene sequences shared by both strains 195 and IS warrant a more comprehensive 
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